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ABSTRACT 
 
 Tracking U immobilization through U(VI) reduction and mobilization induced by U(IV) 
oxidation using U concentrations alone is challenging, as groundwater transport, aquifer 
heterogeneity, and U(VI) adsorption can complicate data interpretation. U isotopes (238U/235U) 
provide a more direct indicator of these geochemical reactions controlling U mobility. U(VI) 
reduction induces a strong fractionation of U isotopes, shifting the U isotopes of the remaining 
U(VI) and producing U(IV) with a distinct isotopic composition. Our published laboratory 
studies imply that U(VI) adsorption, while impacting U concentrations, has only a minor, 
consistent effect on U isotopes. Adsorption to various aquifer minerals induces an average 
isotopic fractionation of -0.15‰ with the adsorbed U(VI) isotopically lighter than coexisting 
aqueous U(VI). Studies using U isotope data to assess U(VI) reduction and U(IV) oxidation must 
consider adsorption as a lesser, but significant, isotope fractionation process. Published field 
studies demonstrate that U(IV) oxidation can be detected via observation of changes in U 
isotopes. The incorporation of remobilized U(IV) with a high 238U/235U ratio into the aqueous 
U(VI) pool produces an increase in 238U/235U of aqueous U(VI). However, microbial, 
geochemical, and hydrologic complexities can complicate the use of 238U/235U in tracking U(IV) 
oxidation and U(VI) reduction. Through inclusion of 238U/235U into a multicomponent reactive 
transport modeling framework, we track U removal during both natural and biostimulated U(VI) 
reduction and U remobilization during U(IV) oxidation to develop 238U/235U as a simple, reliable 
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Importance of uranium (U) 
 Uranium is the heaviest element occurring in significant quantities in nature and is useful 
for several areas of study. U has been utilized to track the accumulation of O2 over the Earth’s 
history (e.g., Kendall et al.;1 Rolison et al.2). U ore deposits are commonly mined for nuclear 
power and weapons. Mining and processing of these ore deposits unfortunately has contaminated 
numerous water systems with U.3 Due to its chemical and radiological toxicity, remediation of U 
is of utmost importance to affected areas.4 Remediation of U cannot be accomplished by 
degradation and is predicated on altering the mobility of U by manipulating the geochemical 
behavior of U.5,6 
 
Geochemistry of uranium in groundwater 
 The mobility of U in the environment is primarily dictated by its occurrence in either of 
two stable oxidation states, and the reactions that cause transitions between these states. Soluble 
U(VI) can accumulate and migrate in natural waters, while U(IV) is relatively insoluble, 
occurring primarily as a solid phase or associated with solid surfaces. One method of 
remediating contaminated groundwater is through biostimulation.5,6 Biostimulation involves 
supplying an electron donor, such as acetate, to an electron donor-limited aquifer. The electron 
donor stimulates microbes to reduce soluble U(VI) to U(IV), lowering aqueous U concentrations. 
Naturally reduced zones (NRZs) also often exist in U-contaminated aquifers.7,8 NRZs are areas 
that contain higher levels of organic carbon, which microbes use as electron donors to couple to 




influx of oxidants such as O2 or NO3
- into either biostimulated areas or NRZs, U can remobilize, 
counteracting groundwater remedial actions.  
 
Importance of U isotopes 
 Tracking U redox reactions through U concentrations alone can result in erroneous 
conclusions. Concentrations may be affected by transport effects and U(VI) adsorption in 
addition to redox reactions. The U isotope ratio 238U/235U, in contrast, is principally shifted by 
reduction and thus may be utilized as a more direct indicator of U(VI) reduction and U(IV) 
oxidation.  
 Uranium has two main isotopes: 99.3% 238U and 0.7% 235U. The ratio of 238U/235U is 
















to conveniently show small shifts in 238U/235U (typically less than 0.5%). Laboratory and field 
experiments, published prior to this work, demonstrated the usefulness of δ238U. U(VI) reduction 
occurs slightly faster with 238U(VI), producing U(IV) with a higher δ238U and leaving residual 
U(VI) with a lower δ238U.9-12 U(IV) oxidation induces little to no isotopic fractionation, 
producing U(VI) with nearly identical δ238U as the oxidized U(IV).13 A preliminary study of 
U(VI) adsorption suggested a slight preference for 235U(VI) adsorbing to minerals, resulting in 
only a minor effect on δ238U.14 
 However, further work was necessary to apply early laboratory and field studies to 
reliably detect and quantify geochemical reactions with δ238U. This dissertation presents research 




U(IV) oxidation calculations, detect U(IV) oxidation, and better quantify U(VI) reduction in the 
complexity of contaminated aquifer settings.  
 
Overview of chapters 
 Chapter 2 presents a study of the isotopic fractionation induced by U(VI) adsorption on 
aquifer minerals. Previous research reported the δ238U shift induced by U(VI) adsorption to 
birnessite, a manganese oxide.  However, the experiments were carried out in a solution of lower 
pH, and with less bicarbonate, than most natural systems.14 We expanded upon these results by 
investigating how pH, concentrations of bicarbonate and Ca, and the type of mineral sorbent 
(birnessite, goethite, quartz, and illite) affected the isotopic fractionation induced by U(VI) 
adsorption. Understanding how U(VI) adsorption affects δ238U at a variety of field sites and 
groundwater solute compositions is crucial to accurately tracking U(VI) reduction and U(IV) 
oxidation using δ238U measurements. This work has been published in Environmental Science & 
Technology.15 
 Chapter 3 reports how U(IV) oxidation, from a zone where U(IV) had been previously 
concentrated by biostimulation, can be detected in the field with δ238U. δ238U had previously only 
been used to detect U(VI) reduction in groundwater systems,11,12 so we attempted to broaden the 
possible applications of δ238U to include oxidation and mobilization of U. Several experiments 
were conducted by injecting nitrate to oxidize U(IV). These experiments demonstrated that a 
consistent δ238U increase was produced by U(IV) oxidation.  This indicates that δ238U is a useful 
indicator of U(IV) oxidation in groundwater systems.  This research was published in 




 Chapter 4 investigates how U mobilization may be detected at NRZs. NRZs contain 
elevated levels of organic carbon, which microbes utilize for U(VI) reduction. As U(VI) 
reduction occurs within the NRZs, U(IV) is deposited with an emergent spatial pattern of δ238U. 
This pattern records the interplay of U(VI) transport and U(VI) reduction within the NRZs over 
time. The change in aqueous δ238U during U(IV) oxidation from NRZs is affected by the 
heterogeneity in δ238U of deposited U(IV). In a stimulated oxidation event, U(IV) was oxidized 
throughout the NRZ, resulting in only a small change in δ238U. During natural U(IV) oxidation, 
U is primarily mobilized from the edge of the NRZ, which contains U(IV) with high δ238U, 
resulting in a larger increase in δ238U. 
 Chapter 5 demonstrates how reactive transport modeling may be utilized to better 
understand and quantify U geochemical reactions. The addition of δ238U to reactive transport 
models provides valuable information on the transport and redox reactions affecting U(VI). 
While U(VI) concentrations initially increase during biostimulation due to U(VI) desorption 
from mineral surfaces, δ238U always decreases during biostimulation when U(VI) reduction 
proceeds, demonstrating the reliability of δ238U as a tracer of U(VI) reduction. Our models build 
upon the simulations of Bizjack17 to investigate how physical, microbial, and chemical 
heterogeneity impact U concentrations and δ238U during two thoroughly studied biostimulation 
experiments and an oxidation experiment. If one observes a decrease in δ238U that is smaller than 
that predicted by simple Rayleigh models, U(VI) reduction is likely spatially constrained by 
these heterogeneities within specific reducing areas. U(VI) reduction generates U(IV) with a 
strong isotopic gradient as preferential reduction of 238U(VI) drives the remaining U(VI) to lower 




increase in δ238U during U remobilization. As U(IV) oxidation progresses, U(IV) with lower 
δ238U is accessed, leading to muted increases in aqueous δ238U. 
 Through these studies, we have improved our ability to understand and use U isotope 
measurements as we work to manage U contamination in various sites.  Chapter 2 demonstrated 
that U(VI) adsorption induces a consistent, small change in δ238U that should be considered when 
tracking U(VI) reduction and U(IV) oxidation. Chapter 3 verified that δ238U may be reliably 
applied to detecting U(IV) oxidation from biostimulated areas. Chapter 4 suggested that 
detecting U(IV) oxidation from NRZs can also be accomplished through the use of δ238U, but 
aquifer heterogeneity must be taken into account. Chapter 5 demonstrated that isotope-enabled 
reactive transport modeling is necessary to understand temporal patterns of U isotopes and how 
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Uranium Isotopic Fractionation Induced by U(VI) Adsorption onto Common Aquifer 
Minerals 
 
This chapter has previously been published in Environmental Science and Technology. 
 
Introduction 
Uranium (U) contamination presents a significant public health hazard, with U mining 
and milling for nuclear power and weapons generating 938 million cubic meters of mine and 
mill tailings worldwide over the past several decades.1 The abundance of contaminated sites has 
led to research on improving the effectiveness and cost efficiency of remediation techniques.2-
4 The US Department of Energy has supported experiments examining remediation techniques 
at several U contaminated sites across the country, including sites in Colorado, Arizona, Utah, 
and Oregon.5 To determine the lasting effectiveness of remediation techniques, methods for 
studying key geochemical processes affecting the fate and transport of U are needed.  
Adsorption of U(VI) to minerals like iron oxides, clays, and quartz can control U 
mobility and concentrations in natural waters. Adsorption is particularly significant in aquifers, 
where solid surfaces are abundant. U(VI) can form both outer- and inner- sphere complexes 
during adsorption to minerals.6-8 During outer sphere adsorption, U(VI) ions are attracted to 
mineral surfaces but are still surrounded by water molecules. With inner sphere complexation, 
U(VI) directly bonds with the mineral surface.6-8 Adsorbed U(VI) can desorb in response to 




These variables affect U(VI) speciation in natural waters, which typically shifts from 
primarily the uranyl ion (UO2
2+) at low pH (e.g., 3.0) to uranyl carbonato species (such as 
UO2(CO3)2
2- and UO2(CO3)3
4-) at normal groundwater DIC concentrations and pH. In the 
presence of typical aquifer concentrations of Ca, calcium-uranyl carbonato species 
(Ca2UO2(CO3)3(aq) and CaUO2(CO3)3
2-) dominate.9,10 Uranyl carbonato aqueous species, 
especially those also incorporating calcium, adsorb less to quartz, clays, and iron oxides than 
the uranyl ion due to the increased stability of the aqueous complexes relative to uncomplexed 
uranyl ions.9-11  
The environmental geochemistry of U has been studied in detail and has been 
summarized in several review articles.1,2 U occurs primarily in two oxidation states in aqueous 
systems: U(VI) and U(IV). U(VI) is soluble and mobile, while U(IV) is relatively insoluble and 
immobile. When U is reduced from U(VI) to U(IV), U(IV) precipitates out of solution in typical 
groundwater systems. One groundwater remediation strategy involves the injection of an 
electron donor, such as acetate, to induce reduction of U(VI) via microbial activity.2,3,12 At a 
U.S. Dept. of Energy site in Rifle, Colorado, USA, experiments have been conducted as part 
of the Rifle Integrated Field Research Challenge (IFRC) to study the feasibility and systematics 
of stimulated microbial U(VI) reduction.3 U-contaminated systems may also contain naturally 
reducing zones with high concentrations of organic carbon and/or reduced metal phases, which 
can naturally attenuate U(VI) concentrations through reduction.13-15 
238U/235U variations have been developed as a tool to detect and quantify U redox 
reactions. Chemical reactions can produce isotopic fractionation, shifts in the relative 
abundances of the two U isotopes with very long half-lives, 238U and 235U (t1/2= 4.47 x 10
9 yrs 




be treated as a stable isotope ratio over the timescale of groundwater processes. Because of slight 
differences in the chemical properties of 238U and 235U, chemical processes can produce isotopic 
fractionation. During microbial reduction of dissolved U(VI), a kinetic isotope effect occurs; 
238U reacts at a slightly greater rate than does 235U.  In recent laboratory studies, the isotopic 
fractionation (ε) produced by U(VI) reduction by isolated microbes varied between 0.6‰ and 
1.0‰.16,17 In contrast to microbial reduction, abiotic reduction of U(VI) by sulfide, Fe(II), 
magnetite (Fe3O4), mackinawite (FeS), reduced organic species, and zero-valent zinc and iron 
appears to result in either no isotopic fractionation or isotopic fractionation opposite in direction 
from microbial reduction.17-19  
Field-based measurements at the Rifle IFRC site indicated that an isotopic shift was 
produced during the reduction of U(VI) as injected acetate stimulated microbial reduction.20 As 
the microbes reduced U(VI), a shift in 238U/235U of approximately -1‰ was observed in 
dissolved U(VI) as the more rapid reduction of 238U led to a greater proportion of 235U 
in the groundwater. Evidence for enrichment of 238U in U(IV) solids produced by U(VI) 
reduction also comes from anoxic black shales21 and U roll front deposits.22-26 238U/235U ratios 
in oceanic carbonates and shales have been utilized as a redox tracer of the ancient oceans, 
investigating redox conditions dating back to the Archean Eon.27-32  
A previous study showed that adsorption of aqueous U(VI) onto mineral surfaces 
induced a small isotope fractionation. In this case, isotopic equilibrium between aqueous and 
adsorbed U(VI) can be attained in a matter of minutes to hours.33 Brennecka et al. 33 measured 
U  i s o t o p e  fractionation experimentally by adsorbing aqueous uranyl hydroxyl ions to 
birnessite. They found an equilibrium isotopic fractionation of -0.22‰±0.09‰, with the 




results of prior studies that found a consistent isotopic offset (0.17‰ to 0.24‰) between U(VI) 
adsorbed to ferromanganese crusts and U(VI) in seawater.21,34 
A recent study measured groundwater 238U/235U shifts that occurred in response to 
adsorption and desorption of U(VI) at the Rifle IFRC site.35 Injected bicarbonate caused 
desorption of U(VI) from aquifer materials resulting in dissolved U(VI) concentrations increasing 
approximately two fold. Following the cessation of bicarbonate injection, U(VI) concentration 
decreased to half the initial concentration as U(VI) speciation returned to normal and U(VI) 
repopulated mineral surface sites. However, through this desorption-adsorption cycle, the U 
isotopic composition remained constant within analytical uncertainty.35 The lack of isotopic 
fractionation, only slightly different from the small fractionation predicted by Brennecka et al. ,33 
could reflect differences in the sorbents or the aqueous U(VI) solution. 
Improved understanding of U isotopic fractionation during adsorption of U(VI) is needed 
to help distinguish between geochemical processes. The ocean and typical groundwaters contain 
primarily calcium-uranyl carbonato complexes.10,36 However, the speciation of U(VI) in 
Brennecka et al. 33 was dominated by uranyl hydroxyl ions, a U(VI) species rarely seen in natural 
waters.  That study utilized birnessite as the substrate,33 but in order to better interpret the isotopic 
shift produced by U(VI) adsorption in the environment, adsorption to other common sorbents, 
such as iron oxides, clay, or quartz, must be examined.  
Our study was undertaken to develop an understanding of U isotopic fractionation 
induced by adsorption in a wide range of geochemical settings. We present results of 
experiments measuring isotopic fractionation induced by U(VI) adsorption to birnessite, 
goethite (FeOOH), illite (K0.65Al2.0[Al0.65Si3.35O10](OH)2),
37 quartz, and complex aquifer 




fractionation by comparing the fractionation involving adsorption of U(VI) in the presence and 
absence of DIC, Ca, and low pH. Our study provides the first direct laboratory experimental 
measurement of the isotopic fractionation induced by adsorption of U(VI) species relevant to 
groundwater and seawater. The insights gained should improve interpretation of U isotope 




Chemical conditions of batch adsorption experiments 
Table 1 lists the solution and sorbent parameters used in the nine experiments. 125 mL 
glass serum bottles were used for all experiments. High-purity (18 MΩ-cm) deionized water and 
U(VI), in the form of an 8 mg/L solution in 1.25 mM nitric acid (HNO3), were added to achieve 
a solution volume of 80 mL and a U(VI) concentration of 1000 μg/L. For most experiments, 
sodium bicarbonate was added to produce uranyl carbonato complexes (Table 1). All 
experiments with bicarbonate were conducted at pH 8 in order to approximate ocean conditions 
and approach common groundwater environments. We measured pH at the start of experiments 
and after sampling. The initial pH of bicarbonate experiments was achieved via addition of a 
small amount of 2% HNO3; resulting NO3
- 
concentrations were <1.1 mM.  To produce calcium 
uranyl carbonato complexes in experiment 4, calcium nitrate was added and contributed an 
additional 1.8 mM NO3
- and pH was adjusted to 8. 
Experiments 2 and 9 contained bicarbonate-free solution matrices.  A pH of 6 was 
attained via addition of 25 μM NaOH to an initially acidic solution. Under these conditions, 




pH 3 with U(VI) speciation dominated by uranyl ions. To attain this pH, HNO3 was added, with 
the final NO3
- 
concentration approximately 0.9 mM.  All solutions were exposed to air to 
ensure aerobic conditions and prevent any unintended U(VI) reduction. 
Substrates chosen for this study were Bayferrox Yellow 910 synthetic goethite, ground 
pure quartz (Fisher Scientific), illite from Gavi Island off the coast of Italy,38 birnessite, and 
aquifer sediments from the Rifle IFRC site. The birnessite was produced by reducing potassium 
permanganate with hydrochloric acid ( H C l ) . 39 After precipitation, the birnessite was 
centrifuged, the supernatant was removed, and the birnessite was washed with DI water. This 
process was repeated several times to minimize the addition of potassium, permanganate, and 
chloride ions to birnessite experiments. The aquifer sediments were dried and sieved; particles 
<250 μm were utilized for the sediment experiment. Aquifer sediments consisted of quartz, 
plagioclase, K-feldspar, calcite, clays, and iron oxides (predominantly magnetite and goethite).40 
All experiments were kept well-mixed on a shaker table. 
Each experiment was conducted as a series of batch equilibrations of dissolved and 
adsorbed U(VI), in which the solution phase was subjected to repeated cycles of solid sorbent 
addition, equilibration, and sorbent removal.  This repetition magnifies the 238U/235U shifts and 
affords better precision in the determined fractionation factors.41  Each starting solution was 
subjected to three cycles of batch equilibrations. The mass of sorbent added was chosen to 
achieve at least 33% U(VI) removal, but less than 90% removal, in order to achieve large 
238U/235U shifts while still retaining sufficient U mass for precise measurements (Table 1). 
Prior to the initial addition of sorbent, the U(VI) was equilibrated with the solution matrix 
for 24 hours to achieve equilibrium speciation. We determined 24 hours was adequate to achieve 
isotopic equilibrium by conducting experiments with variable equilibration times (see results). 




but without sorbent. In addition, a blank experiment was conducted for each experiment, with 
the same matrix excluding the addition of U(VI). The maximum contamination due to leaching 
from the glass serum bottles was 0.03 μg/L, 0.003% of the initial U(VI) solution. After each 
addition of sorbent, the U(VI) solution was allowed to equilibrate for 24 hours before the 
substrate was removed via filtration using 0.22 μm filters. After filtration, a 5 mL sample of the 
U(VI) solution was taken for analysis and the remainder was placed back into a washed glass 
serum bottle for subsequent rounds of sorbent addition. Sorbent was added as a suspension in 5 
mL of DI water. This resulted in a slight dilution of the U(VI) solution, which we accounted and 
corrected to calculate all U(VI) concentrations.  
For experiments 1 through 9, the δ
238U values of the adsorbed U(VI) fractions were not 
determined because we believed it would be very difficult to remove residual solution from the 
solids (e.g., by rinsing with U-free solution) without disturbing the adsorbed U(VI). We expected 
that rapid desorption of adsorbed U(VI) would drive isotopic shifts of the adsorbed pool.  One 
study of Zn adsorption suggests that it may be possible to wash the sorbent without significant 
desorption.42 However, we did not pursue that option and thus U(VI) recovered from the solid 
would have likely been contaminated with a small amount of dissolved U(VI) admixed with the 
particles. The mass of this contaminant was expected to be small, but determining its mass 
precisely and correcting for it would have been difficult.  We chose to put our effort toward 
obtaining more precise determinations of the fractionation factor via additional adsorption steps 
and measurements of dissolved U(VI).  The fact that our data fit linear trends (see results section) 
suggests that mass balance was attained. 
Experiments 10 and 11 were designed to use δ
238U measurements of adsorbed U(VI) as 




Experiments 10 and 11 were designed with the same substrate (birnessite) and aqueous U(VI) 
speciation as experiments 7 and 8, respectively. Experiments 10 and 11 aimed for a lower 
percentage of adsorbed U(VI) in order to create a large difference between δ
238Usorbed and 
δ238Uinitial.  After a single addition of sorbent, the birnessite was washed off the filter membrane 
and dissolved in concentrated HNO3. The U in the resulting solution was then prepared and 
analyzed using the methods given below.   
 
Equations used to extract isotopic fractionation values 















-1]x1000‰  (1) 
Isotopic fractionation, the difference in 238U/235U between the reactant and product of a reaction 













In many studies, equilibrium isotopic fractionation is reported as 1000ln(α). In this study, we 
chose to report the isotopic fractionation using ∆238U: 
 





∆238U is very nearly equal to 1000ln(α); the difference is insignificant in this study.   We chose 
to use ∆238U because it is simpler to understand and more readily related to the experimental 
data. 
The experimental design required that ∆238U be determined by fitting a mass balance 
model for each of the 9 experiments to the ~6 data points from each experiment (2 duplicate 
experiments, each with three rounds of adsorption for the majority of experiments). During each 
round of substrate addition, the δ
238U of the aqueous U(VI) increased as an isotopically lighter 
fraction was lost to adsorption. The increase in aqueous δ
238U is a function of ∆
238U and the 
fraction of adsorbed U(VI). Mass balance requires: 
 
(δ238Uaqueous-  δ
238Uinitial)*faqueous=  - (δ
238Uadsorbed- δ
238Uinitial)*fadsorbed (4) 
where fadsorbed and faqueous are the fractions of total U(VI) in the adsorbed and aqueous pools, 
respectively. For a single adsorption step, the increase in δ
238Uaqueous can be derived from 
equations 3 and 4: 
 
δ238Uaqueous -  δ
238Uinitial  = -∆
238U * fadsorbed (5) 
 
Similarly, δ
238Uadsorbed is given by: 
 
δ238Uadsorbed -  δ
238Uinitial  = ∆





In order to quantify the cumulative shift in δ238U, over multiple rounds of adsorption, we defined 




i=1fadsorbed,i  (7) 
where j is the number of adsorption steps that occurred before sampling. fadsorbed varied between 
sorbent additions, as it was sensitive to multiple experimental parameters. Σa is a convenient 
parameter, as it is linearly related to the δ
238U increase in the aqueous U(VI): 
 
δ238Uaqueous,j =  -∆
238U * Σ a , j  (8) 
 
Accordingly, ∆
238U was obtained by determining the slope of a linear fit of measured δ
238Uaqueous 
versus Σa. Slopes were determined utilizing the two-error linear regression approach of York 
(1968)43 with the Isoplot 4.144 program. Uncertainties on Σa were determined by propagating 
measurement uncertainties through the Σa calculations..  The uncertainty of δ
238Uaqueous for each 
experimental solution was set to ±0.08‰, the analytical uncertainty (see below).  The initial 
value of δ
238Uaqueous for each experiment was known with better precision because the stock 
solution was measured many times.  Accordingly, its uncertainty was set to ±0.03‰, twice the 
standard error of the 12 measurements   A 95% confidence estimate of the uncertainty of each 
∆238U determination was determined via a Monte Carlo routine as part of Isoplot 4.1. The y-






U(VI) concentration and isotopic measurements 
Preliminary U(VI) concentrations were measured by diluting samples 100-fold in 2% 
HNO3 to attain concentrations of ~5 μg/L and comparing their signal intensity with a 10 μg/L 
standard on a Nu Plasma HR multicollector inductively coupled plasma mass spectrometer (MC- 
ICP-MS) at University of Illinois-Urbana Champaign. These concentration estimates were then 
used to spike the samples with a 
233U −
236U double spike that was prepared in-house with 
a 
233U/
236U of ~0.45.20 The double spike method allows precise correction for instrumental mass 
bias and thus allows highly precise U isotopic analysis.21 An aliquot of each sample containing 
~600 ng U was spiked to achieve a 
238U/
236U ratio of ~20. The double spike then equilibrated 
with the sample as the mixture was evaporated to dryness and re-dissolved in 3M HNO3. The 
samples were then purified using the method of Weyer et al.21 Briefly, the samples were passed 
through a column of UTEVA resin, which retains the U(VI). 3 M HNO3 was added to elute 
interfering elements, and then U(VI) was eluted with 0.05 M HCl. The eluted U(VI) was then 
dried and dissolved in 2% HNO3 to attain 150 μg/L U. Blank solutions of 18 MΩ-cm water 
processed through the UTEVA resin procedure had less than 0.01 μg/L U, which is less than 
0.01% of a typical processed sample.  
238U/
235U r a t i o s  of the purified U(VI) were determined on the Nu Plasma HR,  
which is equipped with a 1010 Ω resistor to allow measurement of larger beam currents for 
238U. 
The solutions were introduced with a desolvating nebulizer (Nu Instruments DSN-100). Quality 
assurance measures involved evaluation of offset between standards IRMM REIMP-18A and 
CRM-129A and primary standard CRM-112A. 12 analyses of IRMM REIMP-18A, including 6 
processed through sample preparation steps alongside experimental samples, averaged -




with previous studies.21,35 To monitor the drift of the MC-ICP-MS, the CRM-112A standard 
was measured after every three samples.20,21,35 The measured 
238U/
236U for each sample was used 
to determine precisely the dissolved concentration of each sample via isotope dilution. The 
precision of the isotopic and concentration measurements was calculated from the results of 8 
pairs of duplicate measurements, using a modified root mean square method:45 
 
2𝑅𝑀𝑆 = 2  √




     (9) 
Where n is the number of duplicate pairs, i is an individual measurement, and a and b represent 
the two measurements of a duplicate pair. 
 
For the 8 duplicate pairs, the calculated uncertainty was ±0.08‰ (95% confidence) for the 
isotopic measurements and ±4% for concentration measurements. 
 
Results and Discussion 
Time required to reach concentration and isotopic equilibrium 
Previous experiments have found that aqueous and adsorbed U(VI) reach isotopic 
equilibrium within several hours.33 In our preliminary experiment designed to determine the 
time required for equilibration of the dissolved U(VI) concentration with uranyl carbonato 
complexes adsorbing onto goethite, concentrations stabilized within 2 hours. Although isotopic 
equilibrium is probably approached more slowly, the attainment of equilibrium with respect to 
concentration within a few hours provides some evidence that isotopic equilibrium is established 




is provided below. 
 
Results from isotopic fractionation experiments 
Concentration and isotopic data from experiments 1 through 9 appear in Figure 1 and 
Table 1. All control samples had δ
238U within uncertainty of 0.00‰, indicating that isotopic 
effects due to adsorption to the glass bottles were insignificant. ∆
238U, the isotopic fractionation 
between the dissolved and adsorbed U(VI), calculated from eqn. 8, is given for each experiment in 
Table 1. δ
238U of aqueous U(VI) increased with each adsorption step in all experiments. By mass 
balance, enrichment of aqueous U(VI) in 238U requires enrichment of the adsorbed U(VI) in 235U. 
Time series experiment 3b, where uranyl carbonato species were equilibrated with goethite for 
65 hours, produced a ∆
238U identical (within analytical uncertainty) to experiment 3 with the 
standard 24-hour equilibration time. We assume that these results, obtained using goethite as the 
sorbent, also apply to experiments using quartz, the natural aquifer material, illite, and birnessite. 
This suggests that isotopic equilibrium was reached in all of the experiments. 
As explained above, linear regression of δ
238U vs. Σa, the cumulative adsorption 
parameter, was used to extract isotopic fractionation factors from the data (eqn. 8).  All data 
points conformed to linear models within the analytical uncertainties (Figure 1). ∆
238U varied 
from -0.01‰ to -0.25‰; 6 out of the 9 experiments’ results clustered between -0.14‰ and -
0.21‰ (Table 1). The uncertainty of the ∆
238U determinations at 95% confidence was between 
±0.03‰ and ±0.06‰ for all experiments. 
In experiments 10 and 11, δ
238U
 of the solid-phase U(VI) was measured for a single 




to cause insignificant error, then the results should provide an independent confirmation of ∆
238U 
values determined from experiments 7 and 8. The four measured δ
238U values from experiments 
10 and 11 match values predicted using the ∆
238U values from experiments 7 and 8 within the 
uncertainties (analytical uncertainty, ±0.08‰; prediction uncertainty, ±0.06‰ and ±0.04‰ for 
experiment 10 and 11 respectively). We do note, however, that the measured δ
238U of adsorbed 
U(VI) was consistently greater than the calculated δ
238U.  This is the expected result of slight 
contamination with aqueous U(VI), which is especially pronounced due to the small proportion 
of adsorbed U(VI). The fact that the results of experiments 10 and 11 are consistent with the 
∆238U values determined for experiments 7 and 8 provides additional confidence that the 
experimental design and analytical methods produce an accurate determination of the 
equilibrium fractionation factor between adsorbed and aqueous U(VI). 
 
Variables controlling isotope fractionation  
Varying the mineral sorbent has only a minor effect on isotopic fractionation when 
uranyl carbonato species dominated in the aqueous phase. The ∆
238U values for this group of 
five experiments have a mean of -0.185‰ and a standard deviation of 0.043‰. Results from 
four of these experiments cluster between -0.14‰ and -0.21‰ (Table 1). The exception is the 
birnessite-bearing experiment, which produced a fractionation 0.06‰ more negative than the 
mean. Accordingly, the experiments indicate that the nature of the sorbent surface appears to 
exert a resolvable, but small influence on the magnitude of the isotopic fractionation. 
Under certain conditions, U(VI) aqueous chemistry can have a significant effect on the 
isotopic fractionation. The two DIC-absent experiments conducted at pH 6 with few competing 
ions produced minimal isotopic fractionation with ∆
238U values 0.13‰ and 0.16‰ less negative 




DIC-free experiment conducted at pH 3 with predominantly uranyl ions adsorbed on birnessite 
produced a less negative ∆
238U than its DIC-bearing counterpart, although these experiments 
were not significantly different. The experiment with dominant calcium uranyl carbonato 
species was not significantly different from the corresponding Ca-absent experiment (with 
goethite as sorbent) (Table 1). 
 
Mechanism of isotopic fractionation 
Brennecka et al.33 found significant differences between EXAFS (Extended X-Ray 
Absorption Fine Structure) spectra obtained for aqueous and adsorbed U(VI); this supported 
their hypothesis that shifts in coordination geometry drive isotopic fractionation. While this 
study could not determine precisely the difference in coordination of the U atom caused by inner 
sphere adsorption, a recent study did find loss of symmetry for uranyl ions adsorbed to 
birnessite.46 Similar loss of symmetry has been seen for U(VI) adsorption to goethite, quartz, 
and clays.47-49 Since loss of symmetry of equatorial oxygens around U is seen for adsorption to 
all minerals, it is not surprising that isotopic fractionation occurs for all the solid phases studied. 
The data from the present study and the EXAFS data conform to a consistent model of bonding 
changes accompanying adsorption. Speculatively, the larger magnitude of ∆
238U seen for 
birnessite compared to other solid phases may be due to an unusual surface structure of birnessite 
in the presence of high U(VI) concentrations. Previous experiments were conducted with 
biogenic Mn oxides that adsorbed U(VI) as they precipitated,50 which is distinct from our 
experiment where U(VI) adsorbs to birnessite in batch reactions. However, the study with 
precipitating biogenic Mn oxides observed that at U(VI) concentrations above 1000 μg/L (the 




incorporated strongly adsorbed U(VI).50 At initial U(VI) concentrations below 250 μg/L, U(VI) 
adsorbed as an inner sphere complex. The adsorbed U(VI) in the Mn oxide tunnel structure may 
have a unique coordination environment that causes the slightly greater magnitude of ∆
238U. 
The bicarbonate-absent experiments at pH 6 with quartz and birnessite sorbents produced 
relatively small isotopic fractionations. Given the Brennecka et al.33 EXAFS results, one might 
expect that adsorbed U(VI) surface complexes generally have a distorted coordination that leads 
to isotopic fractionation. However, our pH 6 bicarbonate-absent experiments were unusual in 
that they contained few ions in solution aside from U(VI).  The exceptionally low ionic strength 
in these experiments are not seen in typical groundwaters.51,52 The desired amount of absorption 
was achieved with very small amounts of sorbent (e.g., 0.00074 g for the birnessite experiment) 
indicating that, with few ions competing for sorption sites, the density of adsorbed U(VI) ions 
was very high.  We suggest that the paucity of inner sphere bonding sites available, and the lack 
of competition for outer sphere adsorption sites, led to a preponderance of outer sphere U(VI) 
complexes and relatively few inner sphere complexes.  Given the lack of direct U(VI)-surface 
contact in the outer sphere complexes, we expect their U(VI) coordination was similar to that in 
the aqueous phase.  This is consistent with the observed small isotopic fractionation.   
 
Comparison to previous studies 
Our birnessite-bearing, DIC-free experiment at pH 6 produced a muted isotopic shift (-
0.09‰) much smaller than that reported by Brennecka et al.33 for a similar experiment (-0.22‰). 
However, as we explained above, under the conditions of   our experiment (25 μM ionic strength) 
the adsorbed U(VI) may have been predominately in the form of outer sphere complexes.  We 




we suggest that it was high enough to avoid the shift to outer sphere complexes we believe 
occurred in our experiment. Their solution matrix was likely closer to our other DIC-free 
birnessite experiment (pH 3; ionic strength of 0.9 mM and 0.0037g of birnessite added) that 
yielded a fractionation of -0.17‰, matching their result within the uncertainties.  
Our results also agree with δ
238U measurements of natural ferromanganese crusts formed 
in the oceans. δ
238U values of ferromanganese crusts are lower than those of seawater by 0.17‰ 
to 0.24‰ due to adsorption of calcium uranyl carbonato complexes in the ocean 21, 34, consistent 
with the ∆
238U (-0.15‰ to -0.25‰) we found with uranyl carbonato complexes adsorbing to 
birnessite or goethite. 
On the other hand, our results seem to disagree with a U(VI) desorption experiment 
involving bicarbonate injection at the Rifle IFRC field site. In that study, little to no δ
238U shift 
was observed in dissolved U(VI) when U(VI) desorbed from aquifer materials and when U(VI) 
was re-adsorbed after the bicarbonate injection ceased.35 The U(VI) speciation at the Rifle IFRC 
site is primarily calcium uranyl carbonato complexes, which dominantly adsorb to particles with 
large surface areas like clays and Fe oxides.12 This study reasoned that the desorption of U(VI) 
with δ
238U values ~0.2‰ less than the dissolved U(VI) should have shifted the dissolved 
U(VI) to lower δ
238
U values.35 Based on the observation that U(VI) concentrations increased by 
2x relative to the background aqueous concentration, they estimated the desorbed U(VI) should 
have produced a -0.1‰ total U(VI) shift. Similarly, following the cessation of bicarbonate 
injection, U(VI) re-adsorbed to aquifer minerals, resulting in a decrease in U(VI) concentrations 
to half the initial U(VI) concentrations. The adsorption of U(VI) was expected to produce a 
positive ~0.1‰ shift in the aqueous U(VI). Both the decrease and subsequent increase of 0.1‰ 




However, their interpretation overlooked the fact that the size of the observed δ
238U shift 
of the aqueous phase depends on the relative sizes of the dissolved and adsorbed U(VI) pools. 
For instance, if the mass of adsorbed U(VI) was much greater than the dissolved mass, the 
observed desorption and re-adsorption fluxes would have had little impact on the size and δ
238U 
value of adsorbed pool. Assuming isotopic equilibrium was maintained, the adsorbed pool 
controls the aqueous δ
238U. At Rifle, CO, the adsorbed U(VI) pool is thought to be 
approximately 16 times larger than the aqueous U(VI) pool under typical groundwater 
conditions.4 Bicarbonate was injected (1 m between injection and monitoring wells) for 20 
days12,35 into groundwater that traveled at ~0.5 m/day, which resulted in the passage of 10 m of 
groundwater desorbing ~60% of adsorbed U(VI). During the desorption event, when aqueous 
U(VI) concentrations doubled, the percent of adsorbed U(VI) decreased significantly, but the 
adsorbed fraction at any given time was much larger than the aqueous fraction. Thus the 
adsorbed U(VI) pool still buffered the dissolved U(VI) isotopic composition. To determine 
possible δ
238U shifts under isotopic equilibrium conditions, mass balance equations express the 
linkage between the dissolved and adsorbed pools: 
 
δ238Uaqueous= δ
238Utot  - ∆238U   x fadsorbed                 (10) 
δ238Uadsorbed= δ
238Utot  + ∆238U   x (1 - fadsorbed)        (11) 
where δ
238Utot gives the isotopic composition of the total U(VI) pool, combining adsorbed and 
aqueous U(VI). 
 




difference between two statements of equation 10, for initial and final conditions: 
 
δ238Uaqueous, final - δ
238Uaqueous, initial = - ∆
238U *(fadsorbed, final  -  fadsorbed, initial) (12) 
 
Given that initially the adsorbed U(VI) pool was approximately 16 times larger than the aqueous 
U(VI) pool, fadsorbed, initial =0.94. The observed desorption produced a fadsorbed, final = 0.75, and for 
∆238U= -0.20‰, this would shift the aqueous U(VI) by -0.04‰. A similar calculation for the 
decrease in concentration due to re-adsorption produces an isotopic shift in aqueous U(VI) of 
0.01‰. Thus, the total expected shift through the entire desorption/adsorption cycle does not 
contradict our isotopic fractionation determinations because their field site’s adsorbed pool was 
large. It was changed little by the desorption and re-adsorption processes, and it acted as a δ
238U 
buffer.  
Contaminated aquifers like the Rifle IFRC site that contain significant quantities of strong 
mineral sorbents like iron oxides and manganese oxides are often buffered from isotopic shifts 
during adsorption due to a large adsorbed U(VI) pool.53 If a pure quartz sandstone aquifer is 
contaminated with U(VI), the adsorbed U(VI) pool may be smaller proportional to the aqueous 
pool because of less adsorption sites, which would allow isotopic shifts to be produced by 
adsorption events.54 An aquifer with high DIC and Ca2+ aqueous concentrations could also 
display measurable shifts in δ







Applications of U(VI) isotopic fractionation induced by adsorption 
This research provides more complete knowledge of the isotopic fractionation produced 
by adsorption, indicating that adsorption consistently produces a small positive shift in δ
238U of 
aqueous U(VI). If a decrease in U(VI) concentrations corresponds with a decline in δ
238U, 
researchers can more confidently attribute this isotopic shift to microbial reduction since 
adsorption would produce a slight increase in δ
238U.  
However, the occurrence of isotopic fractionation due to adsorption may complicate the 
interpretation of δ
238U variations related to U(VI) reduction in contaminated aquifers. Given 
rates of equilibration observed here, adsorbed and aqueous U(VI) should remain close to isotopic 
equilibrium. With groundwater chemistry changing as bicarbonate or calcium concentrations 
change, the proportion of adsorbed and dissolved U(VI) will change, producing isotopic shifts. 
One U remediation strategy involves the injection of bicarbonate to desorb U(VI), followed by 
injection of acetate to reduce it. In that situation, applying isotopic methods to estimate % 
reduction could lead to overestimation of amount reduced. Desorption of an isotopically light 
U(VI) pool will produce a negative isotopic shift in the aqueous U(VI); this negative shift will 
augment the negative shift occurring during U reduction, leading to an overestimation of the 
extent of reduction. In the case of the previous Rifle IFRC desorption experiments described 
above, desorption is expected to produce a shift of only 0.04‰, relative to the ~1‰ shift caused 
by reduction. In cases of greater desorption, larger effects would occur, so the effect should be 
considered in the context of the individual study. Overall, studies using δ
238U to assess U(VI) 
reduction must consider adsorption as a lesser, but significant fractionating process. 
To correctly interpret ancient marine δ
238U data, researchers must understand the isotopic 




through reduction of U(VI) to U(IV) in organic-rich sediments, incorporation into biogenic 
carbonate, and sequestration into oceanic crust during hydrothermal alteration and seafloor 
weathering.53 Adsorption of U(VI) by ferromanganese oxides is a minor removal mechanism of 
oceanic U(VI) in the modern oceans,36,55 and thus the process does not greatly affect modern 
oceanic δ
238U values.  However, there may be some times and locations in earth history where 
adsorption was a more important process (e.g., during deposition of banded iron formations). 
The present study provides better understanding of the U isotope fractionation accompanying 
adsorption to a range of oxide and silicate materials, which should improve interpretation of 
paleoredox-related U isotope data. 
 
Future Work 
This study has determined variations in ∆
238U for equilibrium adsorption over a range of 
conditions. Although these experiments aimed to test the most environmentally relevant mineral 
sorbents and U(VI) speciation conditions, several other chemical conditions may be measured 
to provide an even broader picture of adsorption effects on U(VI) measurements. U(VI) 
adsorption to calcite can be common in karst aquifers, so investigating the isotopic behavior 
of adsorbed U(VI) to calcite may prove helpful in better understanding these systems. In 
addition, coprecipitation of U(VI) with carbonate minerals is one of the major removal 
mechanisms of U(VI) in the oceans.55 The adsorption of U(VI) to calcite might be expected to 
produce a ~ -0.2‰ isotopic fractionation, similar to the minerals in this study, but recent research 
suggests little to no isotopic fractionation is produced.56,57 In the Bahamas, carbonates and 
seawater, which were almost certainly in isotopic equilibrium, had identical isotope ratios.56 A 




little to no isotopic fractionation, but this experiment continually added sorbent as calcium 
carbonate precipitated.57 A new layer of calcite or aragonite atoms was produced on the mineral 
in a matter of seconds to hours,57 which may not have allowed the coprecipitated U(VI) to reach 
equilibrium with aqueous U(VI). A controlled experiment measuring the equilibrium isotopic 
fractionation between aqueous U(VI) and U(VI) adsorbed to a fixed quantity of calcite would 
be valuable in providing additional evidence of a lack of isotopic fractionation due to U(VI) 
removal by carbonates. Studying adsorption to organic matter could also prove beneficial for U 
isotope studies.  U on plankton collected from an anoxic fjord was 0.79‰ lighter than the 
aqueous U(VI).58 The researchers suggested this large fractionation was produced by adsorption, 
which laboratory studies could test. In addition, U(VI) phosphate (UO2PO4
- and UO2HPO4(aq)) 
complexes can occur under certain conditions in groundwater and surface water; future work on 








Figure and Table 
 
Figure 1. δ238U of U(VI) remaining in solution versus Σa, which expresses the cumulative 
removal of adsorbed U(VI) for all adsorbent additions prior to withdrawal of each sample.  The 
slope of each plot equals -∆238U, the negative of the isotopic fractionation induced by adsorption 





Table 1: Isotopic fractionation between adsorbed U(VI) and aqueous U(VI). 
 








1 quartz 15 1 8 UO2(CO3)2
2-
 , UO2(CO3)(aq) -0.14 ±0.03 
2 quartz 1 0 6 UO2(OH)
+, (UO2)3(OH)5
+ -0.01 ±0.04 
3 goethite 0.085 8 8 UO2(CO3)2
2-
   , UO2(CO3)3
4- -0.16 ±0.03 





5 illite 0.4 1 8 UO2(CO3)2 
2-




0.2 1 8 UO2(CO3)2 
2-
 , UO2(CO3)(aq) -0.17 ±0.05 
7 birnessite 0.037 8 8 UO2(CO3)2
2-
   , UO2(CO3)3
4- -0.25 ±0.06 
8 birnessite 0.0037 0 3 UO2
2+ -0.17 ±0.04 
9 birnessite 0.00074 0 6 UO2(OH)
+, (UO2)3(OH)5












*Calculated by Visual MINTEQ 3.0.59 












(1) Abdelouas, A.  Uranium mill tailings:  geochemistry, mineralogy, and environmental impact. 
Elements 2006, 2, 335-341. 
 
(2) Wall, J. D.; Krumholz, L. R. Uranium reduction. Annu. Rev. Microbiol. 2006, 60, 149-166. 
 
(3) Anderson, R. T.; Vrionis, H. A.; Ortiz-Bernad, I.; Resch, C. T.; et al. Stimulating the in situ 
activity of Geobacter species to remove uranium from the groundwater of a uranium-
contaminated aquifer. Appl. Environ. Microbiol. 2003, 69, 5884-5891. 
 
(4) Fox, P. M.; Davis, J. A.; Hay, M. B.; Conrad, M. E.; et al. Rate-limited U(VI) desorption 
during a small-scale tracer test in a heterogeneous uranium-contaminated aquifer. Water Res. 
2012, 48, W05512. 
 
(5) Uranium Mill Tailings Radiation Control Act (UMTRCA) Sites Fact Sheet. US Department 
of Energy 2013. 
 
(6) Sylwester, E. R.; Hudson, E. A.; Allen, P. G. The structure of uranium (VI) sorption 
complexes on silica, alumina, and montmorillonite.  Geochim. Cosmochim. Acta 2000, 64, 2431-
2438. 
 
(7) Chisholm-Brause, C. J.; Berg, J. M.; Matzner, R. A.; Morris, D. E. Uranium(VI) Sorption 
Complexes on Montmorillonite as a Function of Solution Chemistry. J. Colloid Interface Sci. 
2001, 233, 38–49. 
 
(8) Bostick, B. C.; Fendorf, S.; Barnett, M. O.; Jardine, P. M.; Brooks, S. C. Uranyl Surface 
Complexes Formed on Subsurface Media from DOE Facilities. Soil Sci. Soc. Am. J. 2002, 66, 
99-108.  
 




surface complexation site-binding model. Geochim. Cosmochim. Acta 1985, 49, 1931-1941. 
 
(10) Fox, P. M.; Davis, J. A.; Zachara, J. M. The effect of calcium on aqueous uranium(VI) 
speciation and adsorption to ferrihydrite and quartz. Geochim. Cosmochim. Acta 2006, 70, 1379-
1387. 
 
(11) Stewart, B. D.; Mayes M. A.; Fendorf S. Impact of uranyl-calcium carbonato complexes on 
U(VI) adsorption to synthetic and natural sediments. Environ. Sci. Technol. 2010, 44, 928-934. 
 
(12) Long, P. E.; Williams, K. H.; Davis, J. A.; Fox, P. M. Bicarbonate impact on U (VI) 
bioreduction in a shallow alluvial aquifer. Geochim. Cosmochim. Acta 2015, 150, 106-124. 
 
(13) Campbell, K. M.; Kukkadapu, R. K.; Qafoku, N. P. Geochemical, mineralogical and 
microbiological characteristics of sediment from a naturally reduced zone in a uranium-
contaminated aquifer. Appl.  Geochem. 2012, 27, 1499-1511. 
 
(14) Qafoku, N. P.; Gartman, B. N.; Kukkadapu, R. K.; Arey, B. W.; et al. Geochemical and 
mineralogical investigation of uranium in multi-element contaminated, organic-rich subsurface 
sediment. Appl.  Geochem.2014, 42, 77-85. 
 
(15) Janot, N.; Pacheco, J. S.; Pham, D. Q.; O’Brien, T.; et al. Physico-chemical heterogeneity of 
organic-rich sediments in the Rifle aquifer, CO: Impact on uranium biogeochemistry. Environ. 
Sci. Technol. 2015, 50, 46-53. 
 
(16) Basu, A.; Sanford, R. A.; Johnson, T. M. Uranium isotopic fractionation factors during U 
(VI) reduction by bacterial isolates. Geochim. Cosmochim. Acta 2014, 136, 100-113. 
 
(17) Stylo, M.; Neubert, N.; Wang, Y.; Monga, N.; Romaniello, S. J.; Weyer, S.; Bernier-
Latmani, R. Uranium isotopes fingerprint biotic reduction. PNAS 2015, 112, 5619-5624. 
 




uranium. Earth Planet. Sci. Lett.  2007, 264, 208-225. 
 
(19) Rademacher, L. K.; Lundstrom, C. C.; Johnson, T. M.; Sanford, R. A.; Zhao, J.; Zhang, Z. 
Experimentally Determined Uranium Isotope Fractionation During Reduction of Hexavalent U 
by Bacteria and Zero Valent Iron. Environ. Sci. Technol. 2006, 40, 6943-6948. 
 
(20) Bopp, C. J.; Lundstrom, C. C.; Johnson, T. M. Uranium 238U/235U isotope ratios as 
indicators of reduction: results from an in situ biostimulation experiment at Rifle, Colorado, 
USA. Environ. Sci. Technol. 2010, 44, 5927-5933. 
 
(21) Weyer, S.; Anbar, A. D.; Gerdes, A.; Gordon, G. W.; Algeo, T. J.; Boyle, E. A. Natural 
fractionation of 238U/235U. Geochim. Cosmochim. Acta 2008, 72, 345-359. 
 
(22) Bopp, C. J.; Lundstrom, C. C.; Johnson, T. M.; Glessner, J. J. G. Variations in 238U/235U 
in uranium ore deposits: isotopic signatures of the U reduction process?. Geology 2009, 37, 611-
614. 
 
(23) Brennecka, G. A.; Borg, L. E.; Hutcheon, I. D.; Sharp, M. A. Natural variations in uranium 
isotope ratios of uranium ore concentrates: Understanding the 238 U/235 U fractionation 
mechanism. Earth Planet. Sci. Lett. 2010, 291, 228-233. 
 
(24) Murphy, M. J.; Stirling, C. H.; Kaltenbach, A.; Turner, S. P.; Schaefer, B. F. Fractionation 
of 238U/235U by reduction during low temperature uranium mineralisation processes. Earth 
Planet. Sci. Lett.  2014, 388, 306-317. 
 
(25) Basu, A.; Brown, S. T.; Christensen, J. N.; DePaolo, D. J.; et al. Isotopic and Geochemical 
Tracers for U(VI) Reduction and U Mobility at an in Situ Recovery U Mine. Environ. Sci. 
Technol. 2015, 49, 5939-5947. 
 
(26) Brown, S. T.; Basu, A.; Christensen, J. N.; Reimus, P. Isotopic Evidence for Reductive 






(27) Montoya-Pino, C.; Weyer, S.; Anbar, A. D.; Pross, J. Global enhancement of ocean anoxia 
during Oceanic Anoxic Event 2: A quantitative approach using U isotopes. Geology 2010, 38, 
315-318. 
 
(28) Kendall, B.; Brennecka, G. A.; Weyer, S.; Anbar, A. D. Uranium isotope fractionation 
suggests oxidative uranium mobilization at 2.50 Ga. Chem. Geol. 2013, 362, 105-114. 
 
(29) Kendall, B.; Komiya, T.; Lyons, T. W.; Bates, S. M.; et al. Uranium and molybdenum 
isotope evidence for an episode of widespread ocean oxygenation during the late Ediacaran 
Period. Geochim. Cosmochim. Acta 2015, 156, 173-193. 
 
(30) Brennecka, G. A.; Herrmann, A. D.; Algeo, T. J.; Anbar, A. D. Rapid expansion of oceanic 
anoxia immediately before the end-Permian mass extinction. PNAS 2011a, 108, 17631-17634. 
 
(31) Dahl, T. W.; Boyle, R. A.; Canfield, D. E.; Conelly, J. N.; et al. Uranium isotopes 
distinguish two geochemically distinct stages during the later Cambrian SPICE event. Earth 
Planet. Sci. Lett. 2014, 401, 313-326. 
 
(32) Asael, D.; Tissot, F. L. H.; Reinhard, C. T.; Rouxel, O.; et al. Coupled molybdenum, iron 
and uranium stable isotopes as oceanic paleoredox proxies during the Paleoproterozoic Shunga 
Event. Chem. Geol. 2013, 362, 193-210. 
 
(33) Brennecka, G. A.; Wasylenki, L. E.; Bargar, J. R.; Weyer, S.; Anbar, A. D. Uranium Isotope 
Fractionation during Adsorption to Mn-Oxyhydroxides. Environ. Sci. Technol. 2011b, 45, 1370- 
1375. 
 
(34) Goto, K. T.; Anbar, A. D.; Gordon, G. W.; Romaniello, S. J.; et al. Uranium isotope 
systematics of ferromanganese crusts in the Pacific Ocean: Implications for the marine 





(35) Shiel, A. E.; Laubach, P. G.; Johnson, T. M.; Lundstrom, C. C.; Long, P. E.; Williams, K. 
H. No Measurable Changes in 238U/235U due to Desorption−Adsorption of U(VI) from 
Groundwater at the Rifle, Colorado, Integrated Field Research Challenge Site. Environ. Sci. 
Technol. 2013, 47, 2535-2541. 
 
(36) Klinkhammer, G. P.; Palmer, M. R. Uranium in the oceans: Where it goes and why. 
Geochim. Cosmochim. Acta 1991, 55, 1799-1806. 
 
(37) Rieder, M.; Cavazzini, G.; D’Yakanov, Y. S.; Frank-Kamenetskii, V. A.; et al. 
Nomenclature of the Micas. Can. Mineral. 1998, 36, 905-912. 
 
(38) Ylagan, R. F.; Altaner, S. P.; Pozzuoli, A. Reaction mechanisms of smectite illitization 
associated with hydrothermal alteration from Ponza Island, Italy. Clays Clay Mineral. 2000, 48, 
610-631. 
 
(39) Stroes-Gascoyne, S.; Kramer, J. R.; Snodgrass, W. J. Preparation, characterization and 
aging of δ- MnO2, for use in trace metal speciation studies. Appl. Geochem. 1987, 2, 217-226. 
 
(40) U.S. Department of Energy. Final Site Observational Work Plan for the UMTRA Project 
Old Rifle Site, Document No. U0042501; U.S. DOE Grand Junction Office: Grand Junction, 
CO, 1999, p 122. 
 
(41) Ellis, A. S.; Johnson, T M.; Bullen, T. D. Using chromium stable isotope ratios to quantify 
Cr (VI) reduction: lack of sorption effects. Environ. Sci. Technol. 2004, 38, 3604-3607. 
 
(42) Bryan, A. L.; Dong, S.; Wilkes, E. B.; Wasylenki, L. E. Zinc isotope fractionation during 
adsorption onto Mn oxyhydroxide at low and high ionic strength. Geochim. Cosmochim. Acta 
2015, 157, 182-197. 
 




Lett. 1968, 5, 320-324. 
 
(44) Ludwig, K. R. Isoplot ver. 4.1. 2010. 
 
(45) Hyslop, N. P.; White, W. H. Estimating Precision Using Duplicate Measurements. J. Air 
Waste Manag. Assoc. 2009, 59, 1032-1039. 
 
(46) Rihs, S.; Gaillard, C.; Reich, T.; Kohler, S. J. Uranyl sorption onto birnessite: A surface 
complexation modeling and EXAFS study. Chem. Geol. 2014, 373, 59-70. 
 
(47) Singh, S.; Catalano, J. G.; Ulrich, K.-U.; Giammar, D. E. Molecular-scale structure of 
uranium(VI) immobilized with goethite and phosphate. Environ. Sci. Technol. 2012, 46, 6594-
6603. 
 
(48) Greathouse, J. A.; O’Brien, R. J.; Bemis, G.; Pabalan, R. T. Molecular Dynamics Study of 
Aqueous Uranyl Interactions with Quartz (010). J. Phys. Chem. B 2002, 106, 1646-1655. 
 
(49) Catalano, J. G.; Brown, G. E., Jr. Uranyl adsorption on montmorillonite: evaluation of 
binding sites and carbonate complexation. Geochim. Cosmochim. Acta 2005, 69, 2995-3005. 
 
(50) Webb, S. M.; Fuller, C. C.; Tebo, B. M.; Bargar, J. R. Determination of Uranyl 
Incorporation into Biogenic Manganese Oxides Using X-ray Absorption Spectroscopy and 
Scattering. Environ. Sci. Technol. 2006, 40, 771-777. 
 
(51) Becker, C. J. Comparison of Ground-Water Quality in Samples From Selected Shallow and 
Deep Wells in the Central Oklahoma Aquifer, 2003-2005. USGS 2006, 5084, 1-55. 
 
(52) Williamson, J. E.; Carter, J. M. Water-Quality Characteristics in the Black Hills Area, South 
Dakota. USGS 2001, 4194, 1-196. 
 




Uranium(VI) in Subsurface Media. Soil Sci. Soc. Am. J. 2000, 64, 908-917.  
 
(54) Abdelouas, A.; Lutze, W.; Nuttall, E. Chemical reactions of uranium in ground water at a 
mill tailings site. J. Contam. Hydrol. 1998, 34, 343-361. 
  
(55) Dunk, R. M.; Mills, R. A.; Jenkins, W. J. A reevaluation of the oceanic uranium budget for 
the Holocene. Chem. Geol. 2002, 190, 45-67. 
 
(56) Romaniello, S. J.; Herrmann, A. D.; Anbar, A. D. Uranium concentrations and 238U/235U 
isotope ratios in modern carbonates from the Bahamas: Assessing a novel paleoredox proxy. 
Chem. Geol. 2013, 362, 305-316. 
 
(57) Chen, X.; Romaniello, S.; Herrmann, A.; Wasylenki, L.; Anbar, A. Uranium isotope 
fractionation during coprecipitation with aragonite and calcite. Geochim. Cosmochim. Acta 2016, 
188, 189-207. 
 
(58) Holmden, C.; Amini, M.; Francois, R. Uranium isotope fractionation in Saanich Inlet: A 
modern analog study of a paleoredox tracer. Geochim. Cosmochim. Acta 2015, 153, 202-215. 
 












CHAPTER 3  
Field Application of 238U/235U Measurements to Detect Reoxidation and Mobilization of 
U(IV)  
 
This chapter has previously been published in Environmental Science and Technology. 
 
Introduction 
Decades of extraction and processing of uranium (U) ore associated with increased demand 
during World War II and the Cold War has left many sites around the world contaminated with 
U.1 Today, U production supports the significant contribution of nuclear power to total global 
power generation.2 With high demand expected to continue in the foreseeable future, 
understanding the biogeochemical cycling of U and application of this knowledge to contaminant 
management strategies is of great importance. 
 A primary concern is U contamination of sediments and groundwater at future, current and 
former U mining and milling sites. Uranium is a persistent contaminant in the subsurface at U.S. 
Department of Energy (DOE) sites particularly in the western U.S.3 In these systems, U is mobile 
in its oxidized state, U(VI), but relatively immobile and thus less dangerous in its reduced state, 
U(IV).4,5 Through reduction of U(VI) to U(IV), aqueous U concentrations decrease in 
contaminated aquifers.  
 Biostimulation has proven to be an effective technique for decreasing U contamination in 
groundwater.6-8 Aided by injection of an organic electron donor into the groundwater, microbes 
couple oxidation of the electron donor with reduction of U(VI) to U(IV).6,7,9 Biostimulation also 




U(IV) and Fe(II) sulfides are sequestered within the biostimulated reduced zone (BRZ). Some 
U(IV) associated with microscopic colloids may be transported in groundwater under certain 
conditions.10,11 Oxidation of U(IV) could increase groundwater U(VI) concentrations after the 
injection of electron donor ceases. If oxidation of sequestered U(IV) occurs following 
biostimulation, the viability of this technique comes into question. 
The form of U(IV) may affect the rate of U(IV) oxidation. U(IV) as crystalline uraninite 
appears to be more difficult to oxidize than noncrystalline U(IV) associated with biomass or 
mineral surfaces.12 The presence of other reduced solids, such as Fe(II) sulfides, can protect U(IV) 
from oxidation by reacting with oxidants and decreasing their concentrations and thus the 
oxidation rate of U(IV).13-17  
U(IV) can be oxidized by nitrate, nitrite, and dissolved O2 (DO).
14,16,18-20 U(IV) oxidation 
by DO occurs abiotically.14,16 In contrast, U(IV) oxidation by nitrate appears to be primarily a 
microbial process.18-20 Nitrite, produced by microbial reduction of nitrate, may also abiotically 
oxidize U(IV),18 but this process appears slow,16 so U(IV) oxidation by nitrite may be aided by 
microbial activity as well.  
 U(VI) concentrations are often utilized to track U geochemical processes, but detecting 
these reactions through U(VI) concentrations alone is difficult in the field and can lead to erroneous 
conclusions. At many U-contaminated sites, few wells are available for groundwater sampling, 
and researchers cannot reliably track masses of groundwater as they advect downstream. 
Geochemical reactions are difficult to identify using U(VI) concentrations in these complex and 
usually poorly characterized systems. With a well-instrumented field site, the removal of U(VI) 
from groundwater by biostimulation can be evaluated by monitoring U(VI) concentrations 




monitoring of U(VI) following the cessation of the biostimulation can be used to evaluate the 
stability of the produced U(IV). However, even in well-characterized sites, some geochemical 
reactions are still difficult to parse with U(VI) concentrations alone. For example, an observed 
increase in U(VI) concentration downstream of the injection wells following a biostimulation may 
result from: the advection of U(VI) from upstream, desorption of adsorbed U(VI), and re-oxidation 
of U(IV) produced by the biostimulation. Here we evaluate 238U/235U ratios as an independent 
geochemical tool for detecting U(IV) oxidation. 
 The two most abundant isotopes of U, 238U and 235U, have half-lives of 4.47 × 109 years 
and 0.70 × 109 years, respectively.21 With these long half-lives, 238U and 235U may be treated as 
stable over short time scales such as those considered here. Variations in the relative abundances 
of 238U and 235U are quantified by measuring 238U/235U ratios, which are conveniently reported as 














–1]x1000‰    (13) 
 Microbial reduction has been shown to fractionate U isotopes, with the U(IV) product 
isotopically heavy (i.e., having relatively high 238U/235U) and the remaining U(VI) becoming 
isotopically light as reduction proceeds.22-25 Abiotic U(VI) reduction has been observed to induce 
little to no isotopic fractionation in some studies.23,26 However, a recent study27 of abiotic U(VI) 
reduction with Fe(II) sulfides in an aqueous matrix similar to those of natural settings detected 
isotopic fractionation with a magnitude similar to that of microbial U(VI) reduction. Adsorption 
of aqueous U(VI) results in small 238U/235U shifts, with adsorbed U(VI) isotopically light.28-31 The 
process of oxidizing solid U(IV) should result in little to no isotopic fractionation.32 Oxidizing 




increase the δ238U value of aqueous U(VI). Measurement of δ238U in groundwater has potential to 
detect U(IV) oxidation and aid in the assessment of the long-term stability of U(IV) in a variety of 
environmental settings. 
 To examine the relationship between U(IV) oxidation and 238U/235U ratios in a field setting, 
we conducted two successive oxidation experiments in 2013 and 2016. These experiments were 
carried out in a plot where extensive deposition of U(IV) had been previously induced by 
biostimulated U(VI) reduction.8,25 In our experiments, nitrate was injected into the subsurface to 
induce oxidation of U(IV). Using the results of these field experiments, we sought to evaluate 
238U/235U ratios as a tool for detecting and estimating the rate of re-oxidation of U(IV) produced 
by biostimulation and thus the potential to assess the long-term viability of biostimulation as a 
remedial strategy.  
 
Methods 
Previous biostimulation experiments 
 This study focuses on the site of a former U mill in Rifle, CO with U-contaminated 
groundwater (~200 µg/L U(VI)) within a sandy gravel alluvial aquifer.7,8 In consecutive years, 
2010–11 and 2011–12, biostimulation experiments were carried out in an array of monitoring and 
injection wells known as plot C (Figure 2). Core samples and geophysical surveying of plot C prior 
to acetate amendment demonstrated that this area contained low amounts of organic carbon and 
Fe(II) sulfides.33 Some differences in permeability and distribution of Fe(III) oxides have been 
observed within plot C, which likely affected rates of sulfate and U(VI) reduction.34,35 In the first 
year, acetate (50 mM within injection tank) was injected across the entire plot through ten injection 




western half of the plot in wells CA-01 to CA-03, upstream of wells CG-07 to CG-09 to desorb 
adsorbed U(VI) (Figure 2).8,36 In the second experiment, acetate was injected at a higher 
concentration (150 mM) for a longer period (72 days) to induce greater sulfate and U(VI) 
reduction. This injection of acetate was restricted to the eastern half of plot C through wells CG-
01 to CG-05 (Figure 2).25 During both biostimulation experiments, U(VI) concentrations in the 
downstream wells decreased below the EPA maximum contaminant level of 30 μg/L.8 In addition, 
δ238U measured in downstream monitoring wells during the biostimulation experiments decreased 
significantly due to preferential reduction of 238U.25   
 
Oxidation experiments 
 Following the biostimulation experiments described above, two oxidation experiments 
using nitrate were performed in plot C (Figure 2). The first experiment was conducted in fall 2013, 
approximately two years after the second acetate injection ceased. In a storage tank, groundwater 
was amended with sodium nitrate (2.9 mM after mixing) and deuterium enriched water 
(δD=210.8‰ after mixing) as a tracer.37 This groundwater was injected into the eastern half of 
plot C through wells CG-01 to CG-05 (Figure 2). Therefore, only the eastern half of the 
biostimulation plot was subjected to this oxidation event. The amended groundwater was injected 
at a rate of 36 mL/min/well for 23 days, producing nitrate groundwater concentrations of 0.5 mM 
at the injection wells.37 Then, the injection rate was increased to 120 mL/min/well for 11 days, to 
increase the rate of U(IV) oxidation, producing nitrate concentrations of 2 mM at the injection 
wells. Cross-well mixing was conducted to homogenize nitrate groundwater concentrations across 
the injection area.37 Groundwater was collected by peristaltic pump from upstream well CU-01 




respectively (Figure 2). Groundwater was collected over a period of four months, capturing both 
the increase in U(VI) concentrations associated with U(IV) oxidation and the decrease in U(VI) 
concentrations after the injection ended and nitrate levels in the plot returned to normal. All 
collected groundwater was filtered through 0.45 μm PVDF filters before being preserved by 
addition of concentrated nitric acid. Groundwater samples were analyzed for δ238U and dissolved 
U concentrations on a Nu Plasma HR MC-ICPMS, δD on a Los Gatos Research liquid water 
isotope analyzer, and anion concentrations on a Dionex ion chromatograph. 
 The second nitrate injection was conducted in fall 2016, approximately five years after the 
second acetate injection ceased. Groundwater from well CU-01 was added to a gas-impermeable 
bag and amended with sodium nitrate (44 mM after mixing) and potassium bromide (22 mM after 
mixing) as a tracer. The nitrate-amended groundwater was injected on both sides of plot C into 
wells CG-01 to CG-03 and CG-07 to CG-09 for a period of five days (Figure 2). Groundwater was 
injected at a rate of 15 mL/min/well to produce nitrate concentrations of 3 mM at the injection 
wells, higher than the first oxidation experiment. Cross-well mixing was utilized to produce 
consistent oxidizing fronts across the eastern half of plot C from CG-01 to CG-03 and across the 
western half from CG-07 to CG-09. Groundwater was collected from upstream well CU-01 and 
downstream wells CD-01 and CD-14 to capture the oxidizing front from the eastern and western 
halves of plot C, respectively (Figure 2). Groundwater was collected over a period of 22 days, 
capturing the increase in dissolved U concentrations associated with the onset of U(IV) oxidation.  
We performed oxidation experiments on both the eastern and western halves of plot C, 
which had undergone distinct biostimulation treatments, to examine the consistency of the isotopic 
response to U(IV) oxidation, despite differences in the amount and distribution of U(IV). Both 




plot C, likely resulting in substantial amounts of U(IV) and Fe(II) sulfides downstream of the 
injection wells. Acetate was injected in the western half of plot C only in the 2010–11 
biostimulation experiment, which involved less acetate and thus less U(VI) and sulfate reduction 
than the 2011–12 experiment. In addition, the western half was affected by the injection of 
bicarbonate to induce desorption of U(VI) in 2010–11. The differences in the conditions induced 
between the two sides of plot C produced distinct quantities and distributions of U(IV) and Fe(II) 
sulfides downstream of the injection wells. By comparing the change in δ238U induced by oxidation 
of U(IV) on the western half of plot C to the eastern half, the broad applicability of δ238U for 
detecting U(IV) oxidation may begin to be assessed. If a consistent change in δ238U is seen, this 
would suggest that δ238U may be applied at multiple U-contaminated sites for identifying U(IV) 
oxidation from BRZ’s with varying treatments for inducing reduction.  
In addition, the eastern half of plot C was involved in both the first and second nitrate 
injections. The first injection oxidized and removed a substantial fraction of U(IV), so the second 
injection resulted in oxidation of some of the remaining U(IV). We aimed to investigate how 
oxidation of U(IV) affected subsequent changes in δ238U induced by later oxidation of U(IV) by 
comparing the isotopic change seen in CD-01 of the first experiment to the second year. 
Documentation of a consistent change in δ238U would support the use of δ238U for detecting natural 
U(IV) oxidation for years following a biostimulation event, despite slow depletion of the solid 








 The upstream well CU-01 provides information about the initial composition of water 
moving into plot C. In groundwater from well CU-01, nitrate levels remained at background levels 
(~50 μM) during the 2013 and 2016 oxidation experiments. During the first experiment, δD values 
of groundwater from well CU-01 did not increase, confirming that amended groundwater did not 
travel upstream from the injection wells. δ238U values of this groundwater remained constant at 
0.00‰±0.04‰ despite small seasonal fluctuations in U(VI) concentrations (180 to 210 μg/L).25 
During the second experiment, transient bromide concentration increases (~10% of concentration 
at injection wells) were observed in CU-01, indicating some mixing of injected, amended water 
with upstream groundwater. However, U(VI) concentrations (170 to 180 μg/L) and δ238U values 
(~0.0‰) of groundwater from CU-01 remained constant. 
Groundwater in downstream wells was similar isotopically and chemically to upstream 
well CU-01 before the induced oxidation events, but small differences in U(VI) concentrations 
and δ238U were observed due to aquifer heterogeneity. Prior to the arrival of the first oxidation 
front, groundwater in the eastern half of plot C in downstream wells CD-18 and CD-01 had 
marginally lower U(VI) concentrations (~170 μg/L and ~180 μg/L, respectively) and δ238U values 
(~-0.2‰ and ~-0.1‰, respectively) than groundwater from upstream well CU-01 (0.00‰ and 
~195 μg/L). Before the second oxidation experiment, groundwater in the eastern half of plot C 
from well CD-01 had slightly lower U(VI) concentrations (~155 μg/L) and δ238U value (~-0.05‰) 
than CU-01 (~185 μg/L and 0.0‰). On the western half of plot C, CD-14 appeared to have a 
slightly higher U(VI) concentrations (~200 μg/L) and δ238U value (~0.05‰) compared to upstream 




groundwater chemistry are statistically distinguishable, but they are much smaller than the 
differences induced by nitrate injection and demonstrate that the groundwater in plot C is nearly 
homogenous. 
 
First oxidation experiment (2013) 
Roughly 4 days after the injection of nitrate and deuterium-enriched groundwater into the 
eastern half of plot C began, an increase in δD was seen almost simultaneously in monitoring wells 
CD-18 (~1.0 m downstream of injection wells) and CD-01 (~2.5 m downstream of injection wells). 
While δD increased significantly, nitrate concentrations remained low, with a maximum 
concentration of 0.05 mM during the experiment. This indicates near complete reduction of nitrate 
upstream of these wells. Total dissolved U concentrations began to increase ~4 days and ~19 days 
after the arrival of high-δD injectate in monitoring wells CD-18 and CD-01, respectively (Figure 
3).  
On day 23 of the experiment, the injection rate was increased from 36 mL/min/well to 120 
mL/min/well to supply more nitrate. Two days later, δD began to increase in monitoring wells CD-
18 and CD-01. Dissolved U concentrations increased rapidly ~1 day and ~3 days after the arrival 
of higher δD waters in monitoring wells CD-18 and CD-01, respectively. Dissolved U 
concentrations reached a maximum of 503 μg/L in well CD-18 and 558 μg/L in well CD-01 during 
the experiment. On day 41, δD began to decrease in response to the cessation of nitrate injection 
7 days earlier.  As δD decreased, dissolved U concentrations began to decrease, but remained 
elevated above 300 μg/L for 88 days and 79 days after the injection began in monitoring wells CD-




δ238U increased as U concentrations increased in monitoring wells CD-18 and CD-01. 
δ238U reached a maximum of 0.37‰ in well CD-18 and 0.50‰ in well CD-01 as U concentrations 
were near their peak (Figure 3).  The δ238U changes in CD-18 reflected the U concentration changes 
without a significant time lag.  In monitoring well CD-01, the δ238U maximum occurred several 
days after the concentration maximum, and the subsequent δ238U decrease appears to lag behind 
the concentration decrease. 
 
Second oxidation experiment (2016) 
Four days after the injection of amended groundwater, bromide began to increase in both 
the eastern and western sides of plot C (Figure 3). Nitrate concentrations increased significantly in 
groundwater from the western half of plot C in well CD-14, up to 2.0 mM. Using the nitrate to 
bromide ratio, this suggests only 45% of nitrate was reduced on the western half of plot C. In 
groundwater from the eastern half in well CD-01, nitrate was nearly completely reduced with a 
maximum concentration of 0.4 mM 7 days after the start of the injection.  
Dissolved U concentrations increased concurrently with the arrival of bromide in 
monitoring wells CD-01 and CD-14 (Figure 3). U concentrations increased steadily to a maximum 
of 726 μg/L in well CD-01 11 days after the start of injection. U concentrations were still increasing 
in well CD-14 at the conclusion of sampling with the last sample measured at 415 μg/L. The 
passing of the oxidation pulse was not measured in this experiment, so bromide and U(VI) 
concentrations did not decrease at the conclusion of sample collection 12 days after the start of the 
injection. 
 δ238U increased on both sides of plot C as oxidation occurred. In the western half of plot C 




start of the injection. In the eastern half of plot C in well CD-01, δ238U increased consistently in 
groundwater to a maximum of 0.74‰ (Figure 3) 10 days after the start of the injection.  
 
Discussion 
Nitrate consumption and U(IV) oxidation 
By examining the consumption of nitrate, we estimated how quickly and intensely nitrate 
affected the aquifer microbial community, which can couple nitrate reduction to release of U and 
oxidation of other reduced solids such as Fe(II) sulfides. For the east half of plot C, we observed 
almost complete consumption of nitrate upstream of monitoring wells CD-01 and CD-18 during 
the first nitrate injection.  The nitrate injection stimulated microbial growth; increases in the 
number of Fe-oxidizing and S-oxidizing bacteria were observed.37,38 These microbes appeared to 
rapidly couple the oxidation of reduced Fe and S phases to the consumption of most of the nitrate.37 
Nitrate removal may also have been coupled to the oxidation of organic carbon.  
The nitrate injection also induced remobilization of U, which is evident in increasing 
dissolved U concentrations in the downstream wells (Figure 3). We believe that the vast majority 
of this increase was due to U(IV) oxidation. A portion of this increase in dissolved U (defined as 
U collected through 0.45 µm filters) could be due to release of U(IV)-bearing colloids during the 
nitrate injection.10,11 During our first oxidation experiment, the increase was delayed ~4 and ~19 
days in monitoring wells CD-18 and CD-01, respectively, after the arrival of the conservative 
tracer. After the nitrate injection rate increased, U(VI) concentrations increased significantly ~1 
day and ~3 days after the arrival of higher concentrations of conservative tracer. This small lag is 
attributed to adsorption of U(VI) to aquifer solids. The adsorbed U(VI) pool in the aquifer is 




anticipated to be retarded relative to advection of non-adsorbing species.40 During the onset of 
U(IV) oxidation, as aqueous U(VI) was generated near the injection wells, much of this U(VI) 
must have adsorbed to aquifer sediments, slowing advection of the U(VI) concentration pulse. A 
second possible cause of this lag was that microbial oxidation of U(IV) coupled to nitrate reduction 
did not begin immediately after the start of injection, but rather after growth of nitrate-respiring 
microbes.  
In the second oxidation experiment, the lag was shorter; groundwater U(VI) concentrations 
increased in wells CD-01 and CD-14 within 3 days (Figure 3). We attribute the difference to the 
lower initial nitrate injection concentrations used in the first experiment, which would have 
resulted in slower growth of microbes coupling U(IV) oxidation and nitrate reduction. In addition, 
more nitrate-respiring microbes were likely available initially in the second experiment for nitrate 
reduction due to their growth in the initial nitrate amendment. 
Comparison of the east and west halves of plot C reveals that less nitrate reduction occurred 
on the west half of the plot.  Only 45% of nitrate was consumed upstream of well CD-14, in 
contrast with near complete reduction upstream of well CD-01 on the east half. The lower 
consumption of nitrate on the western half is attributed to the presence of lower quantities of 
reduced Fe and S phases. This difference is consistent with the plot history, where two successive 
biostimulation experiments in 2010–11 and 2011–12 impacted the eastern half of the plot, with 
the 2011-12 experiment being much more intense, whereas only the weaker biostimulation 







Amount of U(IV) oxidized 
 Using the detailed history of U(VI) concentrations, we can estimate the mass of U(IV) that 
was oxidized by the first nitrate injection.  This, in turn, allows us to examine how the δ238U of 
U(VI) generated by oxidation of a BRZ varies as the U(IV) is consumed over time.  By comparing 
groundwater U(VI) concentrations from monitoring well CD-01 with those of upstream well CU-
01 during the biostimulation experiments and subsequent oxidation experiments, we can estimate 
the mass of U(IV) deposited during biostimulation and the fraction of total U(IV) lost during the 
oxidation experiment. We assume that well CU-01 provides a good estimate of the initial 
composition of upstream groundwater entering plot C and eventually arriving at CD-01.  Any 
difference in concentration is attributed to U(VI) lost from reduction or added from oxidation of 
U(IV). The mass of U(IV) added or lost, per unit cross-sectional area perpendicular to groundwater 
flow, can be calculated by: 
U(IV)𝑝𝑟𝑜𝑑𝑢𝑐𝑒𝑑 =  𝑉𝑔𝑤 φ ∫ ([𝑈(𝑉𝐼)]𝐶𝑈−01 −
𝑡𝑓𝑖𝑛𝑎𝑙
0
 [𝑈(𝑉𝐼)]𝐶𝐷−01 ) 𝑑𝑡  (14) 
where groundwater velocity (Vgw) is 0.5 m/day and porosity (φ) is 0.27.
7 A positive result 
represents the addition of U(IV) to the aquifer and a negative result represents loss of U(IV). For 
the two biostimulation events combined (2010–11 and 2011–12), ~5,600 mg/m2 U(IV) was 
deposited upstream of CD-01. For the first oxidation experiment, ~1,970 mg/m2 was oxidized. 
Therefore, we estimate that a significant portion, 35%, of U(IV) was oxidized on the east half of 
plot C in the first oxidation experiment and was not available for the second oxidation experiment. 
Natural U(IV) oxidation at other times was slow (less than 3 mg/m2/day), as evidenced by no 
significant difference between δ238U and U(VI) concentrations of background well CU-01 and 




Adsorption and desorption affect aqueous U(VI) concentrations in CD-01.8,36 However, 
there is no net effect on U(VI) concentrations over the course of an entire experiment. During the 
reduction events, as aqueous U(VI) concentrations decreased, the adsorbed U(VI) would have 
desorbed and subsequently been reduced and deposited as U(IV). Since this U(VI) was not 
accounted for in our calculation, we may have underestimated the amount of U(IV) produced 
during the initial period of biostimulation, as concentrations decreased. However, this unaccounted 
flux is offset by the recovery phase where aqueous U(VI) concentrations increased back to normal 
levels and adsorption sites were repopulated with U(VI). Therefore, as long as aqueous U(VI) 
concentration in CD-01 returned to its pre-stimulation level after each biostimulation event, the 
net change in the adsorbed U(VI) pool integrated over the entire experiment should approach zero.  
The same is true for oxidations events.   
 While a significant fraction of the previously deposited U(IV) was oxidized during nitrate 
injections in plot C, U(IV) oxidation rates at other sites may be slower due to differences in the 
type and amount of reduced solids formed by biostimulation. Research suggests that the crystalline 
uraninite form of U(IV) is less susceptible to oxidation than noncrystalline U(IV).12 In 
biostimulation events similar to those performed at Rifle, CO, the U(IV) generated appears to be 
a mixture of uraninite and noncrystalline U(IV).41-46 U(IV) taken from plot C in Rifle, CO during 
the biostimulation was approximately one third uraninite and two thirds noncrystalline U(IV).46 
The high proportion of noncrystalline U(IV) in plot C makes it more susceptible to oxidation by 
nitrate than sites dominated by uraninite. In addition, the presence of reduced Fe and S phases can 
protect U(IV) from oxidation by reacting with and depleting oxidants. If biostimulation occurs at 
a U-contaminated site with less sulfate reduction occurring, less protective Fe(II) sulfides are 





Determining the δ238U of oxidation-derived U(IV): Application and limitations of a mixing 
model 
 During U(IV) oxidation, increases in δ238U of U(VI) were seen for all experiments as 
U(IV) with an elevated δ238U was released and incorporated into the aqueous U pool. Our 
experiments at the well-instrumented Rifle site allowed us to estimate the isotopic composition of 
the oxidized U(IV) and test the hypothesis that U(IV) oxidation induces a consistent increase in 
δ238U that can be applied to many U-contaminated sites under a broad range of conditions. We 
created a simple mixing model to simulate the δ238U and U(VI) concentrations during mixing of 
background U(VI) with U(VI) derived from U(IV) oxidization. The model assumes two-
component mixing47 of incoming U(VI) and U(VI) derived from U(IV) oxidation; each component 
is assumed to have a distinct, unchanging δ238U value.  The model produces a straight mixing line 
on a plot of δ238U versus the inverse of U(VI) concentration (Figure 4). Prior to the experiments, 
the inverse of U(VI) concentration was relatively high with a low δ238U. Then, as U(VI) was added 
by U(IV) oxidation, the inverse of U(VI) concentration decreased and δ238U increased.  The data 
from each well during each experiment conform to a straight line; we found best-fit lines using 
standard linear regression.  The y-intercept of each fit line represents the δ238U value of the 
mobilized U(IV). If no isotopic fractionation occurred during U(IV) oxidation, this δ238U value is 
also the calculated isotopic composition of the solid U(IV).   
This mixing model does not incorporate the effects of U(VI) adsorption/desorption, which 
is known to produce small shifts in δ238U values.28-31 As oxidation of U(IV) occurs, much of the 
excess aqueous U(VI) adsorbs to aquifer minerals. Since 235U adsorbs preferentially, δ238U of 




adsorption. Due to this unaccounted increase in δ238U of aqueous U(VI) during U(IV) oxidation, 
the simple mixing model overestimates δ238UU(IV).   However, this effect can be readily corrected, 
provided the proportions of aqueous and adsorbed U(VI) remain constant during the addition of 
U(VI) from U(IV) oxidation. The data remain on a straight mixing line, but the y-intercept is 
shifted higher. The resulting overestimation of δ238UU(IV) may be calculated as:   
δ238UU(IV),aq  −  δ
238UU(IV),true = −𝛥
238𝑈𝑎𝑑𝑠  ∗  𝑓𝑎𝑑𝑠   (15) 
where δ238UU(IV),aq is the y-intercept of the data fit line without incorporating U(VI) adsorption, 
δ238UU(IV),true is the true δ
238UU(IV) incorporating U(VI) adsorption, Δ
238U = δ238Uadsorbed U(VI) - 
δ238Uaqueous U(VI), and fads is the fraction of U(VI) in a given aquifer volume that is adsorbed to 
aquifer sediments, out of the total pool, adsorbed and dissolved. 
Using a Δ238U of 0.20‰ and fads of 0.94 consistent with the Rifle site,
31,39 the simple mixing model 
overestimated δ238UU(IV) by ~0.19‰. Applying this correction to the y-intercepts of the aqueous 
U(VI) data, we obtained a narrow range for the true δ238U value of released U(IV). δ238UU(IV) is 
calculated at 0.49‰ for CD-18 and 0.48‰ for CD-01 in the 2013 experiment, and 0.69‰ for CD-
01 and 0.47‰ for CD-14 in 2016 (Figure 4).  
 The simple mixing model of background U(VI) and oxidized U(IV) did not include 
continued U(VI) reduction and isotopic heterogeneity of U(IV), which likely factored into the 
U(IV) oxidation experiments. These processes could have affected the magnitude and timing of 
the increase of δ238U and U(VI) concentrations induced by U(IV) oxidation. However, their impact 
was minimal, with most data fitting a simple mixing line, suggesting the dominance of U(IV) 
oxidation on our collected data. If a portion of the increase in dissolved U was due to release of 
U(IV)-bearing colloids, aqueous U concentrations and δ238U would still increase concurrently, 




mixing model suggests that either the colloidal U(IV) component is small or that its isotopic 
composition matches that of the U released by oxidation. 
Despite differences in aquifer conditions, the calculated isotopic signature of U(IV) for all 
monitored wells was fairly consistent: 0.48‰, 0.49‰, 0.69‰, and 0.47‰ for groundwater from 
wells CD-01 and CD-18 during the first experiment and wells CD-01 and CD-14 during the second 
experiment, respectively. Different biostimulation conditions as well as prior oxidation events had 
only small effects on the δ238U of the re-mobilized U(IV). These results support the use of δ238U 
to detect U(IV) oxidation following biostimulation. However, due to the complications of U(VI) 
adsorption, U(VI) reduction, isotopic heterogeneity of U(IV), and U(IV)-colloids, determinations 
of the amount of U(IV) release are therefore semi-quantitative. 
  
Environmental implications 
 During our oxidation experiments, a significant increase in δ238U (~0.4‰) was observed. 
The high δ238U values consistently observed during U(IV) oxidation in these experiments confirms 
that δ238U may be useful in detecting remobilization of U(IV) previously sequestered by reduction 
of dissolved U(VI). However, natural U(IV) oxidation by various oxidants is expected to occur 
significantly slower with smaller increases in δ238U. In some cases, the oxidation-induced increase 
in δ238U may not be resolvable from background. For example, if U(IV) oxidation increases U(VI) 
concentrations by only 15%, an increase in δ238U of ~0.1‰ would be expected. Given the 
uncertainties of our isotopic measurements (±0.08‰), this increase in δ238U may not be 
distinguishable from background U(VI).  Higher precision measurements (<0.05‰ uncertainty has 
been reported elsewhere),48,49 should improve this situation. Uncertainty could also be improved 




taking the standard error of several temporally similar δ238U measurements under similar redox 
conditions and comparing these to samples from a different period when redox conditions are 
different.  However, the utility of this method is limited for slow oxidation, over periods of years. 
 Our results demonstrate that rapid release of U from oxidation by nitrate can be detected 
by measurement of groundwater δ238U upstream and downstream of a BRZ. The large number of 
wells at the Rifle site allowed us to track a concurrent increase in U(VI) concentrations and 
238U/235U ratios in downstream wells as U(IV) is oxidized from the BRZ.  In this well-instrumented 
setting, the δ238U method for detecting oxidation could be viewed as redundant.  However, many 
sites have a much lower density of wells and have poorly defined flow paths. An increase in U(VI) 
concentrations in a downstream well at one of these sites could be due to a change in groundwater 
source or desorption. In such cases, the isotopic approach likely provides better evidence of U(IV) 
oxidation because it is a more direct indicator of oxidation.  A strong increase in δ238U relative to 
the site background indicates release of high-δ238U U(IV).  
This isotopic method of detecting oxidation should be applicable to other redox-sensitive 
elements, such as selenium and chromium. These elements isotopically fractionate during 
reduction,50-53 so oxidation and remobilization of their reduced phases is expected to isotopically 
shift the measured aqueous pool. Unambiguous detection of remobilization of these toxic 









Figure 2: Location of wells in plot C.  Bicarbonate was injected in wells CA-01 to CA-03 and 
acetate in CG-06 to CG-10 in blue. More acetate was injected into wells CG-01 to CG-05 in 






Figure 3: U(VI) concentrations, δ238U, and conservative tracer data (δD or bromide 
concentrations) for the first and second experiments respectively over the collection time for all 
observation wells (A) CD-01 (more U(VI) and sulfate reduction), 2013 experiment (first 
oxidation experiment); (B) CD-18 (more U(VI) and sulfate reduction), 2013 experiment (first 
oxidation experiment); (C) CD-01 (more U(VI) and sulfate reduction), 2016 experiment (second 






Figure 4: δ238U vs. inverse of dissolved U concentration during the oxidation experiments.   
(A) Well CD-01 (more U(VI) and sulfate reduction) during the first oxidation experiment; (B) 
CD-18 (more U(VI) and sulfate reduction), first oxidation experiment; (C) CD-01 (more U(VI) 
and sulfate reduction), second oxidation experiment; (D) CD-14 (less U(VI) and sulfate 
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Spatiotemporal Patterns of 238U/235U Record the Accumulation of Uranium in Naturally 
Reduced Sediments and its Remobilization 
Introduction 
The accumulation and release of contaminants in shallow subsurface environments, 
which affects the water quality of natural systems, fundamentally depends on the coupling of 
solute transport with (bio)geochemical reactions in aqueous systems.1-5  Improved prediction and 
understanding of the behavior of these systems thus requires simultaneous treatment of complex 
transport phenomena (e.g., fluid flow, solute advection, and mixing through heterogeneous 
and/or fractured media) and a multitude of (bio)geochemical transformations (e.g., redox 
reactions facilitated by microbial catalysis).   
Redox reactions affect contaminant accumulation and release by controlling the solubility 
and mobility of many elements. For example, uranium (U) cycles between two primary oxidation 
states: U(VI) and U(IV).6,7 U(VI) is soluble and mobile in water, with moderate capacity to 
adsorb onto mineral surfaces, whereas U(IV) is less soluble and tends to precipitate in a range of 
minerals or strongly adsorb to solid surfaces. One remedial technique for U-contaminated 
groundwater involves injecting an organic electron donor into an aquifer to induce U(VI)aq 
reduction to sparingly soluble U(IV)s, thus decreasing U(VI)aq concentrations.
8-10  As U(VI)aq 
reduction proceeds, U(IV)s accumulates within aquifer sediments. U(VI)aq reduction also occurs 
in naturally reduced zones (NRZs) in aquifer systems which contain organic matter with 
abundant reducing power.11-13 However, NRZs may also prolong U(VI)aq contamination through 
seasonal cycling of U(VI)aq reduction and U(IV)s oxidation.
13 In these NRZs, U is sequestered by 
U(VI)aq reduction and accumulates as U(IV)s. However, U may be re-mobilized by U(IV)s 




contaminants, such as chromium (Cr), selenium (Se), and mercury (Hg), are similarly redox-
sensitive, demonstrating differences in mobility and dissolved concentrations principally as a 
function of redox state.  
A powerful complement to concentration data in deconvolving the complex network of 
transport and transformation for such redox-active elements, such as U, Se, and Cr, are stable 
isotope ratios. Isotope ratios greatly enhance the ability to distinguish the change in 
concentration due to chemical reactions relative to other factors such as dilution and retardation 
(e.g., Druhan et al.14; van Breukelen et al.15; Jamieson-Hanes, et al.16; Wanner et al.17). Stable 
isotopes are particularly useful for tracing redox reactions because their isotopes tend to become 
strongly fractionated during reductive precipitation from solution, while solute transport and 
adsorption typically exert relatively minor effects.18-23  
Variations in 238U/235U may thus be utilized to reveal the geochemical processes that 
cause precipitation and remobilization of U. Delta notation is used to express these small shifts in 
238U/235U as per mil deviations from the CRM-112A standard value:  
δ
238












 -1]x1000‰     (16) 
The most significant U fractionation is driven by reduction of U(VI). Under certain 
circumstances, U(VI) reduction proceeds with little to no isotopic fractionation.20 Generally, 
reduction of 238U is slightly favored over 235U to form a reduced solid phase with a higher δ238U. 
Importantly, the remaining U(VI)aq is driven to a lower δ
238U as reduction proceeds.20,21,24,25 This 
provides a means of detecting and potentially quantifying U(VI) reduction in natural systems.  
 Subsequent oxidative remobilization of this U(IV)s with characteristically high δ
238U 





potentially serve as a quantitative monitor of solid phase stability and/or an indicator of periods 
of U(IV)s oxidation.
26  However, as we show below, the δ238U values of these U(IV)(s) deposits 
can exhibit strong spatial variability, depending on the balance of transport and transformation 
processes that formed them. Similarly, oxidation of U is likely to produce U(VI) with spatially 
variable δ238U values.  Accordingly, reactive transport models that simulate these spatially 
variable processes are essential to the development of isotope ratios as a novel and enhanced 
means of tracking the accumulation and stability of U(IV)s. 
Given the complexity of coupled transport and (bio)geochemical reactions such as those 
controlling U mobility, multi-component numerical reactive transport models (RTMs) can be 
challenging to construct, but their benefits for improved process understanding and predictive 
potential have led to expanding applications across the Earth Sciences.14,27-32  This class of 
RTMs have been particularly well developed in application to shallow subsurface contaminants, 
such as heavy metals like uranium (U) and chromium (Cr), with emphasis on the design and 
optimization of remediation efforts.33-36 These RTMs have thus become essential to the 
prediction of contaminant fate and transport as they are uniquely capable of evaluating the 
consequences of coupled (bio)geochemical reactions from a defined starting point (initial 
condition) such as a pollution event, subject to the influence of spatially and temporally variable 
boundary conditions. Recently, RTMs explicitly incorporating stable isotopes as individual 
‘species’ through the use of modified rate expressions have emerged in application to 
groundwater contamination.17,37-40   This approach enables development and application of 
RTMs coupling solute concentrations and stable isotopes and promises enhanced predictive 




In this paper, we extend the approach taken in previous isotope-enabled RTMs to develop 
process-based and predictive simulations for the long-term history of accumulation, oxidation, 
and remobilization of heavy metal contaminants deposited by reduction in heterogeneous 
aquifers.  The present study leverages recent field data of U concentrations and isotope ratios and 
thus focuses on U dynamics, but the overall approach is generally applicable to all redox active 
metals which are immobilized by reduction and exhibit mass-dependent isotope fractionation 
(e.g., Se and Cr).  We focused on a spatially resolved NRZ within a U-contaminated aquifer 
located in Rifle, Colorado, USA that is instrumented with numerous monitoring wells and has 
been previously studied in detail (e.g., Janot et al.13). Over a half-century of U contamination, the 
transport and transformation conditions have controlled the pattern of U accumulation within this 
NRZ. We used analyses of sediment samples to characterize the spatial patterns of U(IV)s 
accumulation and associated U isotope ratios across this NRZ. The presented RTM, constrained 
by field data, provides insight into how concentration and stable isotope gradients are formed 
within the reduced solid phase over the full duration of aquifer contamination; the resulting 
concentration and isotopic profiles record the history of U reactivity and accumulation.  
In addition, we tracked U isotope ratios during remobilization of U from an NRZ through 
artificially enhanced U(IV)s oxidation. U(IV)s oxidation from this NRZ was experimentally 
induced in the field, to demonstrate the use of U isotopes as a tracer for U remobilization. This 
experimentally induced U(IV)s oxidation in turn provides insight into the potential monitoring of 
natural U(IV)s oxidation events. We further employ the numerical RTM simulations developed 
based on our available datasets to constrain the signature of natural oxidation of isotopically 




We specifically consider how alterations to the physical and chemical parameters 
describing upgradient groundwater and aquifer sediment relevant to a range of U-contaminated 
sites impacted the U(IV)s accumulation and isotopic patterns of U(IV)s developed within NRZs 
and the associated shifts in dissolved U(VI) δ238U values induced by U remobilization. This 
approach describes and provides a novel predictive capability for the development of isotopic 
gradients over time and demonstrates the fidelity of δ238U as an indicator of U mobility, which 




Field site  
 All sediment cores were collected, and oxidation experiments were conducted, at the Old 
Rifle site in Rifle, Colorado, USA (e.g., Williams et al.9; Long et al.10). The Rifle site is a 
shallow alluvial aquifer adjacent and hydrologically connected to the Colorado River where it 
drains the western slope of the Rocky Mountains. The system is approximately 7 m deep from 
surface to the underlying impermeable Wasatch Formation. The depth to groundwater is 
approximately 2.4 – 3.6 m and the aquifer experiences seasonal variability in both height and 
direction of flow as a function of river stage.41 The location previously hosted a vanadium and 
uranium ore processing facility which was operational from 1924 to 1958.9,42 Despite remedial 
efforts, heavy metal concentrations remain significantly elevated relative to both regulation 
standards and predicted values based on simple flushing models.41 NRZs have been suggested as 
a significant contributor to this persistence through cyclic retention and oxidation of U(IV)s.
13 




elevated U concentrations versus background sediments.13,43,44 U(VI)aq concentrations have been 
shown to increase within an NRZ during the spring and summer when snowmelt drives high 
river discharge rates and elevates the adjacent riparian water table. This influx of oxidants thus 
seasonally induces U(IV)s mobilization.
45 Numerous NRZs have been identified at the Rifle 
site.46 Here we focus on a previously characterized NRZ, the JB NRZ, for which sediment-
associated organic carbon, sulfide, and U content have been reported from five vertical cores 
(JB-01 to JB-05) drilled through the JB NRZ in the summer of 2011.13  
 
Oxidation experiments 
 Two oxidation experiments were conducted by injection of oxygenated groundwater into 
the JB NRZ during the summers of 2014 and 2015. The injectate was prepared by extracting 
groundwater from well JB-04, which intersects the JB NRZ. The water was pumped into a gas-
impermeable bag and a gaseous mixture of 97% O2 and 3% CO2 was bubbled through 
continuously to increase the dissolved oxygen concentration while maintaining a constant 
bicarbonate level. The choice of gas mix was designed to promote oxidation of U(IV)s while 
minimizing desorption of surface-bound U(VI). This technique ensured that increases in U(VI)aq 
concentrations and changes in δ238U could be attributed almost exclusively to U(IV)s oxidation. 
Potassium bromide was also added as a conservative tracer. The oxygenated groundwater was 
injected back into the NRZ through well JB-04 to begin the experiment.  Sampling ensued, with 
small volumes (e.g., 20 mL) of groundwater collected from the same well periodically over 
several days. Over this sampling period, U(VI)aq concentrations first increased through U(IV)s 





 The first experiment conducted in the summer of 2014 injected 135 L of groundwater 
with a dissolved O2 (DO) content of 14.9 mg/L through a baffle system. This baffle system 
consisted of a PVC pipe with an injection area between two rubber baffles, designed to deliver 
oxygenated groundwater only into the NRZ itself. The second experiment conducted in the 
summer of 2015 injected 772 L of groundwater with a DO content of 21.1 mg/L without the 
baffle system. In this second design, the groundwater was injected across the full vertical profile 
of the NRZ as well as some of the aquifer sediment above and below it (Figure 5).  
 
Sample processing 
 Groundwater samples collected from the oxidation experiments were filtered and 
acidified with trace metal grade nitric acid (HNO3) for preservation prior to analysis of U(VI)aq 
concentration and δ238U. Sediment samples from two vertical cores (JB-04 and JB-05) drilled 
through the JB NRZ were dried, mixed, and weighed before being leached in 25 mM high-purity 
sodium bicarbonate to release U for analysis. This leaching procedure was utilized in order to 
isolate authigenic, chemically active U, as opposed to detrital U contained within the mineral 
lattice of sediment minerals. These sediments were well oxidized when acquired, so oxidative 
treatment was determined to be unnecessary to release U. As evidence of this, addition of 
hydrogen peroxide did not significantly increase the amount of U released. Increased 
concentrations of sodium bicarbonate also did not significantly alter the amount of U released or 
the δ238U measured. The leachate was separated from the sediment by centrifugation. The 





 Prior to sample purification, a uranium double spike (236U-233U) was added to the 
groundwater and sediment samples to allow high-precision determination of δ238U through 
correction for mass bias during MC-ICPMS isotopic analyses.47 The double spike was created in-
house at the University of Illinois Urbana Champaign and has a 233U/236U of 0.45.48 The 236U-
233U double spike was added to a sample aliquot containing about 300 ng U to attain a 238U/236U 
of ~20. The spiked samples were dried and then dissolved in high-purity 3 M HNO3. All samples 
were processed through a procedure that separated U from other solutes.47 Briefly, the samples 
were passed through a column containing 0.2 mL UTEVA resin. Interfering elements were 
eluted with 4 mL 3 M HNO3. For groundwater samples, the Weyer method
47 of adding 0.6 mL of 
10 M HCl and 1.0 mL of 6 M HCl was used to elute additional interfering elements including 
thorium. However, for sediment leachate samples, 2.5 mL of 4 M HCl was instead used due to 
the higher thorium content of the sediment. This procedure lowered the thorium contamination 
considerably while retaining U on the column resin. The purified U was then eluted with 2.4 mL 
of 0.05 M HCl. This U-containing solution was dried and re-dissolved in 2 mL of 2% HNO3 for 
isotopic analyses.  
 
Isotopic Analyses 
 Spiked and purified samples were analyzed on a Nu Plasma HR MC-ICPMS at the 
University of Illinois Urbana Champaign for δ238U values and U concentrations. 233U, 235U, 236U, 
and 238U were measured simultaneously on the MC-ICPMS. 238U was measured using an 
amplifier with a 1010 Ω resistor to allow larger beam currents for the major isotope. The 
measured 238U/236U ratio was utilized to precisely determine U concentrations of samples using 




monitor and correct for the drift of the instrument.47-49 At the start of every run, two secondary 
standards, IRMM REIMP-18A and CRM-129A, were analyzed to confirm their correct offsets 
from CRM-112A. The average δ238U for 10 analyses of IRMM REIMP-18A, including 5 
processed through sample purification steps, was -0.16‰ ± 0.09‰ (2 s.d.). Isotopic analyses of 
CRM-129A averaged -1.72‰ ± 0.03‰ (2 s.d.). These standard values are in good agreement 
with previous studies.47-49  
 Duplicates of sediment and groundwater samples were used to determine precision 
according to a modified root mean square method:50 





          (17) 
Five groundwater duplicates yielded an uncertainty of ±0.06‰ for δ238U, while the uncertainty 
on U concentration was 0.7%. Six duplicates of the sediment samples had a slightly larger 
uncertainty of ±0.10‰ and uncertainty in concentration of ±14%. This larger concentration error 
was likely due to heterogeneity of the sediment as these sediment duplicates were separately 
weighed and leached. Errors may have also been induced during the weighing process as well as 
the separation of the leachate from the sediment. Sediment leachates that were split, then 
processed through the purification procedure had a much smaller concentration uncertainty of 
±4%. Blanks that passed through the purification steps had a maximum U concentration of 0.05 
μg/L, 0.03% of the concentration of the samples. 
 
Reactive transport modeling  
 The open source CrunchTope multicomponent reactive transport software was used to 
construct RTM simulations of the history of U accumulation and subsequent oxidation 




stable isotopes of a given element during a broad suite of chemical reactions and physical 
transport pathways.17,37-40 238U and 235U were modeled individually, expanding on previous 
isotopic modeling approaches for the Rifle field site that quantified sulfur and calcium isotopic 
fractionation during acetate injection.14,37 A key contribution of the present study is the 
expansion of these short-term, remedial timescale models to the full history of contamination at 
the Rifle site. The accumulation of U within the JB NRZ, and its isotopic composition, were 
simulated over 50 years, roughly equal to the period of time between the presence of mill tailings 
on site and present day. This approach allowed the NRZ simulation to predict the accumulation 
of U(IV)s with associated characteristic spatial and temporal patterns in solid phase δ
238U, 
starting from ambient (uncontaminated) initial conditions.  
The model domain is comprised of a 10 m by 3.5 m planar 2D aquifer, discretized in 0.25 
m by 0.25 m grid cells. The NRZ is built into a 3.5 m by 1.5 m subsection of this domain, 
surrounded by a transition zone (0.75 m surrounding the NRZ) that features chemical and 
physical characteristics that are intermediary between the true NRZ and surrounding aquifer 
(Figure 6). The location of the NRZ along one lateral boundary of the flow domain allows 
explicit treatment of the movement of fluid and reactivity of solutes across the NRZ core, fringe 
and surrounding aquifer, thus tracking the expected combined signature of these pathways 
downgradient. One may think of this as half of a larger NRZ that mirrors the illustrated domain 
along the longitudinal axis. For the present analysis the choice is arbitrary. The simulation tracks 
the accumulation of U along the length and width of the model NRZ. In the sediment cores 
recovered from the field system we measured accumulation of U with depth, which is equivalent 
here to tracking accumulation along the width of the model NRZ perpendicular to flow.  The 




aquifer,11-13 and this was included accordingly (2.0*10-14 m2, versus 1.0*10-13 m2 for the 
transition zone and 1.0*10-12 m2 for the surrounding aquifer). The low permeability of the 
modeled NRZ (50 times smaller than that of the surrounding aquifer) was in agreement with a 
previous study of the JB NRZ (Supplementary Information) and was chosen to impose a 
reasonable concentration gradient within the NRZ, facilitating slow delivery of U(VI)aq into the 
reducing area. NRZs also characteristically contain higher levels of organic carbon and Fe(II) 
sulfides. In our approach, the modeled NRZ was constructed with initially elevated levels of 
Fe(II) sulfides and organic carbon (1.0 volume % each), whereas the transition zone and 
background aquifer contained 0.1% and 0% of each solid phase, respectively (Figure 6), 
consistent with measurements from the JB NRZ.13 
Groundwater velocity and geochemical conditions are parameterized based on detailed 
observations of the Rifle site (Table 2).9,10 Groundwater velocity was generated by imposing a 
pressure differential across the upgradient and downgradient boundaries. The low permeability 
of the NRZ slowed fluid flow across this section of the domain by approximately an order of 
magnitude versus the surrounding aquifer (~0.15 cm/day in background aquifer; ~0.01 cm/day in 
NRZ). Within the modeled NRZ, solid organic carbon was allowed to slowly dissolve to acetate, 
serving as a simplified representation of the slow release of labile organic substrates which are 
then available for utilization by naturally occurring microbial populations catalyzing the 
reduction of sulfate, U(VI)aq, and DO. This dissolution reaction simplifies the complex 
depolymerization pathways by which sediment-associated organic carbon becomes labile, thus 
allowing expansion to longer timescale models. Such a simplified approach has been used 




Parameters for organic carbon dissolution, microbial reduction, and mineral 
precipitation/dissolution rates were in agreement with previous studies.14,51,53 Microbial 
reduction of sulfate, DO, and U(VI)aq were modeled using Monod rate expressions (Table 3). DO 
concentrations decreased in the NRZ through aerobic respiration, which tends to protect U(IV)s 
against oxidation. U(VI)aq transported into the NRZ was reduced through both microbial and 
abiotic pathways, accumulating U(IV)s. U isotope fractionation was incorporated by imposing a 
slightly faster reduction of 238U(VI)aq relative to 
235U(VI)aq.  The magnitude of fractionation was 




 ]      (18) 
where k238 is the rate constant (mol/L/yr) of the microbial reduction reaction for 
238U(VI)aq and 
k235 is the corresponding value for 
235U(VI)aq.  α was set to 1.00075, consistent with experimental 
findings.20,21,24 Model U(IV)s can be oxidized back to U(VI)aq by DO with 
238U(IV)s and 
235U(IV)s reactions proceeding at the same rate (Table 4), which agrees with a previous 
laboratory study observing no isotopic fractionation during oxidation of U(IV)s.
54 Fe(II) sulfide 
oxidation was implemented at a slightly faster rate than uraninite oxidation to act as a buffer to 
U(IV)s dissolution (Table 4). Fe(II) sulfides can prevent oxidation of U(IV)s by competitively 
reacting with oxidants.55 Mineral precipitation/dissolution reactions of Fe(II) sulfide, Fe(OH)3, 
calcite, quartz, and microbial biomass were modeled using transition state theory (TST) rate 
expressions (Table 4).  
 Complexation of aqueous 238U(VI)aq and 
235U(VI)aq was explicitly simulated using UO2
2+ 
as the primary aqueous species that chiefly complexed with calcium and carbonate (Table 4). 




via an equilibrium surface complexation reaction with a slight preference for 235U(VI)aq 
adsorption (α=0.99983).22,23  
In addition to the base model used to simulate the JB NRZ, we adjusted several 
controlling parameters to identify the key processes and conditions influencing simulated U(IV)s 
accumulation and release. Parameters tested included the DO concentration of groundwater, the 
organic carbon and Fe(II) sulfide content of the NRZ, and the permeability of the NRZ.  
 
Results and Discussion 
 Within this section, we first discuss how U(IV) accumulates and how isotopic gradients 
develop in NRZ sediments over decadal timescales. Later, the discussion transitions to 
investigating how oxidation of this U(IV) is impacted by the heterogeneous nature of NRZ 
sediments, and the ability of U isotopes to reliable detect oxidation and mobilization of U(IV) 
from NRZs. In both discussions, data collected from the JB NRZ is dissected before simulations 
are utilized to expand our observations to a broader range of conditions and further explore the 
processes impacting U accumulation and release. Finally, we examine the environmental 
implications of NRZs in contaminated settings and consider other applications for extended 
timescale isotope models.  
 
Distribution of U concentrations and δ238U in NRZ sediments 
 The two vertical cores sampled through the JB NRZ (JB-04 and JB-05) exhibit consistent 
patterns of leachable solid phase U concentrations and δ238U. In JB-04, leachable solid phase U 
concentrations increase to a maximum of 6.6 mg/kg and δ238U values decrease to a minimum of -




below this zone, U concentrations systematically decrease and δ238U values increase, reaching 
maximum values of 0.5‰. At the extreme top and bottom of JB-04, δ238U decreases to 0.2‰, in 
association with the lowest U concentrations (0.3 mg/kg). This decrease in δ238U and U 
concentrations is not observed in the JB-05 core, but that core does show a similar pattern, with 
the highest U concentrations (2.0 mg/kg) and lowest δ238U values (-0.2‰) towards the center of 
the NRZ.  
 The observed U concentrations and δ238U values of the sediment roughly correspond to 
patterns expected to result from transport and reduction of U(VI)aq and deposition of the 
insoluble U(IV)s product. Outside of the NRZ, the sediment is expected to contain little U(IV)s, 
with most U existing as adsorbed U(VI).  At the upper and lower fringes of the NRZ, small 
amounts of U(IV)s are expected, with high δ
238U values as seen at the top and bottom of the JB-
04 core. Due to the low permeability of the NRZ, U(VI)aq is slowly transported to the center of 
the NRZ as U(VI)aq reduction proceeds at slow rates associated with the low levels of organic 
carbon solubilization from these sediments, sequentially decreasing both U(VI)aq concentrations 
and aqueous δ238U. A spatial gradient is thus formed with higher U(VI)aq concentrations and 
δ238U outside the NRZ that decrease towards the center of the NRZ. U(IV)s generated from 
reduction of this spatially variable U(VI)aq is expected to follow a similar trend with higher δ
238U 
at the fringes of the NRZ than at the center of the NRZ. δ238U of U(IV)s should be consistently, 
positively offset from U(VI)aq due to preferential reduction of 
238U(VI).  
 
Numerical simulation of isotopic patterns developed during U accumulation within NRZs 
 The conceptual model presented above provides a reasonable set of processes by which 




reactive transport model provide a rigorous test of conceptual model by simulating the 
accumulation of U(IV)s and development of the isotopic pattern within the NRZ over the history 
of contamination in this aquifer. Steady state dissolved U(VI)aq concentrations and aqueous 
δ238U along a transect across the center of the simulated NRZ (Figure 6) demonstrate how 
U(VI)aq reduction within the NRZ produces a concentration and isotopic gradient (Figure 8). 
Simulated U(VI)aq reduction decreases the dissolved U(VI)aq concentrations and aqueous δ
238U 
with increasing distance toward the center of the NRZ. This low-concentration, low- δ238U fluid 
exits the down-gradient end of the NRZ and values rebound towards background as a result of 
dispersive mixing with the surrounding high-U(VI)aq aquifer water.  
The resulting deposited U(IV)s tracks the spatial pattern of the aqueous phase U(VI), with 
decreasing δ238U toward the NRZ center.  A clear pattern develops with high δ238U (+0.5‰) 
around the edge of the NRZ and progressively lower δ238U (minimum of -0.3‰) toward the 
center (Figure 9B). Outside the NRZ, low sediment – associated U concentrations and near-zero 
δ238U are observed. U(IV)s accumulated within the NRZ is distributed fairly uniformly in space, 
with an average concentration of 2.6±0.4 mg/kg and lower values along the fringes and 
downgradient of the NRZ due to limited availability of organic carbon (Figure 9A).  
Generally, the pattern of δ238U and U concentrations developed in the simulation 
correspond with the NRZ sediment collected from JB cores. The highest δ238U values of 
sediment are observed at the edge of the NRZ in both the simulation and sediment cores with 
δ238U decreasing towards the center of the NRZ as U(VI)aq reduction drives δ
238U to more 
negative values (Figure 7). One significant difference between the simulation and collected 
sediment is how U concentrations change in the transition between background and NRZ 




increase towards the center of the NRZ, roughly following the pattern of increasing levels of 
organic carbon.13 The low organic carbon content on the fringes of the NRZ provides limited 
bioavailable carbon for U(VI) reduction. With higher levels of organic carbon, more U(VI) 
reduction occurs, resulting in high U(IV)s concentrations in the center of the NRZ. In our 
simulated NRZ, U concentrations increase rapidly in the transition zone between background 
aquifer conditions and NRZ conditions (Figure 7). The amount of organic matter increases more 
rapidly in our simplified model, resulting in a more abrupt increase in U concentration.  
  
Factors affecting U concentration and δ238U patterns within NRZs 
 In NRZs at other sites with varying conditions, the geochemical and physical properties 
of groundwater and NRZ sediment are expected to strongly affect how U(IV)s accumulates and 
develops isotopic gradients. Using our RTM, which reproduced the spatial patterns of both the 
concentration and isotope ratio of accumulated U(IV)s generally observed in the JB-NRZ, we are 
now poised to explore how U accumulates in NRZs under a range of natural conditions 
characteristic of other NRZs. The permeability of NRZs at the Rifle site is generally lower than 
that of other similar U-contaminated sites in the Upper Colorado River Basin.43 If the 
permeability of the NRZ is higher (i.e. closer to that of the surrounding aquifer), U(VI)aq should 
be transported to the center of an NRZ relatively quickly, with less decrease in concentration and 
δ238U. NRZs in other U-contaminated sites in the Upper Colorado River Basin contain U(IV)s 
with high δ238U values in the center of the NRZ.56 
 RTM simulations featuring less contrast in permeability confirm this expectation, 
producing considerably higher δ238U (+0.3‰; Figure 10) at the NRZ center when the 




times that of the base model, the δ238U of the accumulated U(IV)s is nearly uniform throughout 
the spatial extent of the NRZ (δ238U of +0.5‰), representing little depletion of U(VI)aq during 
transport to the NRZ center. These higher permeability (i.e. lower contrast in permeability) cases 
do not adhere to our observations at Rifle of a significant decrease in δ238U towards the center of 
the JB NRZ. We also note that while permeability strongly affects the spatial patterns of δ238U, 
U(IV)s concentrations remain similar in all permeability cases as a result of identical U(VI)aq 
reduction rate constants, such that similar amounts of U(IV)s are sequestered, despite differences 
in patterns of δ238U.  In total, this expansion of model parameters to consider the range of 
conditions characteristic of the Colorado Plateau illustrates that the isotope ratios offer unique 
insight into the relationship between flow field structure and reductive accumulation of heavy 
metals in these systems.   
 Neither the DO content of groundwater, nor the solid phase Fe(II) sulfide content of the 
NRZ sediment, significantly affects U(VI)aq transport or reduction, and thus, variations in these 
parameters yielded minimal impact on U(IV)s accumulation (Figure 11). The solid phase organic 
carbon content of the NRZ sediment does directly affect the rate of microbial U(VI)aq reduction. 
With lower organic carbon content, less dissolved organic carbon is available for U(VI)aq 
reduction, so less U(IV)s is deposited. In addition, δ
238U is more uniform within the NRZ, with 
lower U(VI)aq reduction rates (Figure 11).  
 
Oxidation experiment results 
 During both oxidation experiments, U(VI)aq concentrations increased as U(IV)s was 
oxidized from the NRZ and mobilized as U(VI)aq. δ
238U of U(VI)aq increased during both 
experiments as U(IV)s with high δ




dissolved U(VI). In the 2014 experiment, which employed the baffle system (Figure 5) to inject 
oxygenated groundwater, U(VI)aq concentrations almost tripled (from 190 μg/L to 530 μg/L), but 
δ238U increased only by 0.1‰ (Figure 12A). In the second experiment, the injection was not 
focused through a baffle system and therefore affected a greater vertical range, including zones 
above and below the NRZ.  A larger volume of groundwater was injected, with a higher DO 
content. However, the corresponding increase in U(VI)aq concentration was smaller (from 160 
μg/L to 350 μg/L), apparently because a smaller fraction of the injected water interacted with the 
U-rich part of the NRZ. However, the increase in aqueous δ238U was much larger, shifting from 
0.0‰ to 0.4‰ (Figure 12B).  
 The difference in δ238U of U(VI)aq between the experiments can be related to the 
difference in the experimental configuration. A simple mixing model accounts for the addition of 
oxidized U(IV)s to background U(VI)aq: 
 
δ238Utotal U(VI) * Ctotal U(VI) = δ
238Ubackground U(VI) * Cbackground U(VI) + δ
238Uoxidized U(IV) * Coxidized U(IV) 
 (19) 
 
One can derive a linear relationship between δ238Utotal U(VI) and the inverse of Ctotal U(VI): 
 
δ238Utotal U(VI)= (δ
238Ubackground U(VI) - δ
238Uoxidized U(IV)) * Cbackground U(VI) * (1/ Ctotal U(VI)) + 
δ238Uoxidized U(IV)     (20) 
 
where the isotopic composition of the oxidized U(IV)s, δ
238Uoxidized U(IV), is quantified as the y-




For the 2014 experiment, the δ238Uoxidized U(IV) value calculated from the data was +0.15‰, 
while in the 2015 experiment the δ238Uoxidized U(IV) was much higher, at +0.68‰. The 
comparatively elevated δ238Uoxidized U(IV) of the second experiment suggests that U(IV)s oxidation 
encompassed additional U(IV)s toward the fringes of the NRZ, which contained U(IV)s with 
much higher δ238U (+0.5‰) relative to the center of the NRZ (-0.2‰). As described above, the 
lack of a baffle system for this injection delivered oxygenated groundwater across the entire 
NRZ and some of the surrounding aquifer. The low permeability of the NRZ interior likely 
excluded much of this injectate from entering the center of the NRZ, thus diverting most 
oxygenated groundwater to the fringes and promoting oxidation of U(IV)s primarily in these 
locations. While the center of the NRZ contained the most U(IV)s, limited oxidation of U(IV)s 
presumably occurred at this location since δ238Uoxidized U(IV) was high, in contrast to the low δ
238U 
of the NRZ center. The baffle system in the 2014 experiment was distinct, and likely forced more 
oxygenated groundwater delivery into the center of the NRZ. Furthermore, water was sampled 
only from that zone, resulting in a lower δ238Uoxidized U(IV). These experimental results demonstrate 
the importance of spatial variability in controlling the increase in aqueous δ238U during induced 
U(IV)s oxidation.  During natural U(IV)s oxidation, we expect that the spatial variability of solid 
phase δ238U and location of U(IV)s oxidation should control the change in aqueous δ
238U.  
 
Simulating Natural (IV)s Oxidation 
The artificially enhanced oxidation experiments induced significant U(IV)s solubilization 
by injecting DO directly into the NRZ. While these experiments provide insight into the potential 
behavior and signatures of more ambient natural reoxidation events, direct observation of such 




U(IV)s oxidation occurring by infiltration of high DO groundwater from upgradient into the 
NRZ. During such natural oxidation events, U(IV)s deposited on the fringes of the NRZ should 
be the first to become solubilized. The low permeability of the inner NRZ should then impede 
migration of these oxidants into the deeper interior. Furthermore, the presence of Fe(II) sulfides 
and microbial action supported by elevated organic matter within the NRZ should deplete these 
oxidants before they reach U(IV)s located toward the center of the NRZ. Therefore, we anticipate 
natural U(IV)s oxidation to proceed primarily on the edge of the NRZ, associated with relatively 
large enrichment in aqueous δ238U, similar to the experiment with no baffle system. 
The isotope-enabled RTM is again utilized to simulate the patterns of natural U(IV)s 
oxidation from the NRZ and associated changes δ238U of U(VI)aq. Using our NRZ model, which 
accumulated U(IV)s over 50 years (Figure 9), we increased the upgradient boundary DO 
concentrations (from 0.015 mM in the U accumulation model to 0.15 mM) to simulate a natural 
incursion of oxidant into the system. The NRZ was modeled under oxidizing conditions for 30 
years to track the progressive removal of U(IV)s.  
The resulting influx of oxygenated water promotes U(IV)s oxidation, which occurs 
primarily at the fringes of the NRZ, resulting in development of high U(VI)aq concentrations in 
these locations, accompanied by elevated δ238U of U(VI)aq (Figure 13). The concentration and 
δ238U data in individual grid cells located at the edge of the simulated NRZ agree well with data 
collected from the oxidation experiment without a baffle system, where oxidized U(IV)s was 
likely derived from the edge of the NRZ (Figure 12). Unfortunately, for our simulated NRZ, the 
increase in U(VI)aq concentrations and aqueous δ
238U would likely be undetectable in any 
groundwater wells downgradient of the NRZ as a result of mixing with unreacted groundwater. 




from NRZs could be detected (see below for more details). U(IV)s oxidation slows over time as 
U(IV)s at the fringe of the NRZ is exhausted (Figure 13), while the low permeability and 
presence of Fe(II) sulfides in the NRZ continues to suppress further U(IV)s oxidation. The NRZ 
retains and continues to accumulate U(IV)s with the NRZ interior during oxidizing conditions as 
evidenced by low U(VI)aq concentrations and δ
238U values (Figure 13). 
 
Factors affecting δ238U of mobilized U 
As with the decadal simulations of U accumulation, in these simulated oxidation events 
the geochemical composition and physical transport properties of both the groundwater and NRZ 
sediment affect predicted U(IV)s oxidation and mobilization. Groundwater DO concentrations 
specified for the upgradient boundary condition during the U accumulation phase of the models 
significantly affect the extent of U(IV)s oxidation during subsequent periods of higher DO levels. 
If a DO concentration 50% lower than the baseline simulation (0.0075 mM) is implemented for 
the duration of U(IV)s accumulation (50 years) in the reducing period of the simulation prior to a 
reoxidation event, more U(IV)s is able to accumulate at the transitional zone between the NRZ 
and the surrounding aquifer as well as downgradient of the NRZ. The lower concentration of 
oxidant is readily depleted by reaction with Fe(II) sulfides, allowing for such enhanced U(IV)s 
accumulation. Since this U(IV)s is located in areas with less Fe(II) sulfides and higher 
permeability, it is in turn more susceptible to oxidation during oxidizing periods. Oxidation of 
this readily accessible U(VI)s results in a larger increase in U(VI)aq concentrations and δ
238U of 
U(VI)aq around the edge of the NRZ during a reoxidation event (Figure 14). Therefore, less 
oxidizing conditions during U(IV)s accumulation results in a stronger reoxidation signature when 




the edge of the NRZ again generally match data collected from the oxidation experiment without 
a baffle system (Figure 12).  
Increasing the permeability of the NRZ to values closer to the surrounding aquifer 
(permeability twice that of the base model) also results in a larger increase in U(VI)aq 
concentrations and δ238U of U(VI)aq during a reoxidation event, in this case due to the enhanced 
transport of DO into the NRZ where it can react with U(IV)s (Figure 14). Finally, the 
characteristics of the NRZ sediment also exert a feedback on U(IV)s oxidation rates. With less 
solid phase Fe(II) sulfides available to deplete oxidant concentrations, slightly more U(IV)s 
oxidation occurs during oxidizing periods (Figure 15). If less organic carbon is contained within 
the NRZ, less U(IV)s accumulates within the NRZ (Figure 11) and thus less is available for 
reoxidation (Figure 15). 
 
U dynamics within NRZs 
 Our combined field data and simulations demonstrate the major controlling factors on U 
retention and release from NRZs under transient environmental conditions. δ238U provides 
valuable information reflecting the rate of U(VI)aq transport versus reduction and sequestration in 
these zones. In low permeability NRZs, transport of U(VI)aq to the center of the NRZ is slow, 
resulting in large spatial gradients of U(IV)s concentrations and δ
238U as observed in sediment 
cores of the JB NRZ. For comparatively higher permeability NRZs, U(VI)aq is transported more 
quickly to the NRZ center, resulting in U(IV)s that has a more homogeneous and elevated δ
238U.  
 Our results confirm that δ238U may be utilized as a unique and powerful tracer of 
oxidation and remobilization of U from NRZs under some, but not all conditions. δ238U 




reduction or U(IV)s reoxidation within NRZs. During less oxidizing periods, aqueous δ
238U 
downgradient of an NRZ should be lower than upgradient as U(VI)aq reduction decreases 
aqueous δ238U (Figure 8). During periods of elevated oxidant concentrations, which often occur 
seasonally, aqueous δ238U is expected to increase as U(IV)s with characteristically elevated δ
238U 
at the edge of the NRZ is oxidized and mobilized. Oxidation of U(IV)s appears to occur primarily 
on the edge of these NRZs as observed in the oxidation experiment without a baffle system, 
whereas interior accumulated U(IV)s is relatively protected by the consumption of oxidants 
through reaction with Fe(II) sulfides and microbial reduction.  
However, the use of δ238U as an indicator of U oxidation may not be feasible in some 
NRZ systems. In our base model, the increase in δ238U and U(VI)aq concentrations downgradient 
of the NRZ during U(IV)s oxidation diminished over a short distance as a result of mixing with 
unreacted groundwater. This minimal, undetectable increase in δ238U is related to the low 
permeability of the NRZ in our model (2% of the surrounding aquifer), which did not allow 
oxidants to reach the majority of U(IV)s and prevented significant release of U(VI)aq remobilized 
by U(IV)s oxidation. Our simulations suggest that if NRZs have higher permeability than at the 
Rifle site, the change in aqueous δ238U downgradient during re-oxidation should become more 
pronounced as greater U(VI)aq concentrations are generated. The magnitude of the increase in 
δ238U and U(VI)aq concentrations is highly dependent on aquifer conditions. However, for all 
parameter sets tested, we always observe an increase in δ238U downgradient during U(IV)s 
oxidation, irrespective of permeability, groundwater chemistry, or how long U(IV)s oxidation 
occurs. Thus, a contemporaneous increase in U(IV)aq concentrations and δ
238U may not always 
be detectable for all NRZs, but if a positive shift in δ238U correlated with an increase in U(IV)aq 




NRZs contributes significantly to U(VI)aq concentrations, the increase in δ
238U and U(VI)aq 
concentrations during oxidizing periods should be clearly observable. If an increase in U(VI)aq 
concentrations occurs without a simultaneous increase in δ238U, other processes, such as 
desorption of U(IV)aq from aquifer minerals, would be suggested. 
 
Applications of extended timescale isotope models in other geoscience applications 
 Here, for the first time, we have demonstrated that isotope-enabled reactive transport 
modeling may be extended to simulate the development of isotopic patterns over the full history 
of U accumulation within NRZs. NRZs are directly analogous to tabular U deposits where U is 
associated with organic matter, clays, and sulfides.57,58 U likely accumulated in these deposits in 
the same manner as NRZs, with the organic matter providing reducing conditions for U, while 
clays and sulfides protected U(IV) from oxidation. Ore deposits of U and other elements often 
form where groundwater conditions become more reducing.6,58-60 These deposits contain isotopic 
gradients61-64 that relate information on formation processes. Long-timescale RTMs for redox 
cycling may be developed to better constrain how isotopic gradients in ore deposits develop, 
which could be beneficial in determining the mining locations most economical for recovering 
high-grade ore. 
 Long-timescale RTMs may also be helpful in constraining the history of atmospheric 
oxygen over Earth’s history. Isotopic shifts of redox-sensitive elements have been constrained in 
dated marine rocks to estimate the amount of atmospheric oxygen over Earth’s history, which 
controls the evolution of life.65-68 Expanding reactive transport modeling of marine waters and 
sediment over millions or even billions of years could thus test the controlling conditions and 




Figures and Tables 
 
Figure 5:  Experimental design of oxidation experiments. In the first experiment (A), oxygenated 
groundwater was injected through a baffle system that kept the injection to primarily the center 
of the NRZ (shown in dark brown). In the second experiment (B), no baffle system was used, 
allowing the injected groundwater to spread across the entire NRZ and some of the surrounding 








Figure 6: Heterogeneity of NRZ model. Permeability (log(m2)) of the model domain is shown in 
(A) with considerably lower permeability within the NRZ slowing groundwater flow. The 
volume percent of both Fe(II) sulfides and organic carbon is pictured in (B). Our model domain 
represents one half of an NRZ in map view. The purple line represents a transverse transect 
across the NRZ that is mirrored in Figure 7 to show U(IV)s accumulation across the entire NRZ. 
The orange line represents a longitudinal transect across the NRZ demonstrating U(VI)aq 






















Figure 7: U concentration and δ238U of sediment collected from the (A) JB-04 and (B) JB-05 
cores through the JB NRZ. The simulated U concentration and δ238U (C) of sediment across a 









Figure 8: Modeled U(VI)aq concentration (black) and δ
238U (red) along a longitudinal transect 
across the NRZ (see Figure 6) as groundwater flows through the NRZ with U(VI)aq reduction 





Figure 9: Modeled distribution of (A) U concentration (mg/kg) (0 mg/kg in dark blue to 3.0 
mg/kg in yellow) and (B) δ238U (‰) (-0.4‰ in dark blue to 0.5‰ in yellow) of NRZ sediment. 
 





























Figure 10: Demonstration of the importance of permeability in the distribution of U(IV)s within 
NRZs. Modeled distribution of (A) U concentration (mg/kg) and (B) δ238U (‰) of NRZ sediment 
with a permeability double that of the base model (Figure 9). Modeled distribution of (C) U 
concentration (mg/kg) and (D) δ238U (‰) of NRZ sediment with a permeability five times that of 
the base model (Figure 9). 
  



































Figure 11: There is little to no effect of aqueous DO concentrations and the Fe(II) sulfide of the 
NRZ on accumulation of U(IV)s. Organic carbon content has a direct effect on rates of U(VI)aq 
reduction. Modeled distribution of (A) U concentration (mg/kg) and (B) δ238U (‰) of NRZ 
sediment with lower DO concentrations during NRZ formation versus the base model (Figure 9). 
Modeled distribution of (C) U concentration (mg/kg) and (D) δ238U (‰) of NRZ sediment with 
an Fe(II) sulfide content half that of the base model (Figure 9). Modeled distribution of (E) U 
concentration (mg/kg) and (F) δ238U (‰) of NRZ sediment with an organic carbon content half 
that of the base model (Figure 9). 
 
 












































Figure 12: δ238U versus the inverse of U(VI)aq concentration during U(IV)s oxidation. With more 
influence of U(IV)s oxidation, U(VI)aq concentrations increase and inverse of U(VI)aq 
concentration decreases. The field data (black dots) plot along a mixing line of background 
U(VI)aq with oxidized U(IV)s (y-intercept) (δ
238Utotal U(VI)= (δ
238Ubackground U(VI) - δ
238Uoxidized U(IV)) 
* Cbackground U(VI) * (1/ Ctotal U(VI)) + δ
238Uoxidized U(IV)). (A) First experiment (B) Second experiment. 
In (B), simulated data (white squares) of natural oxidation are plotted along with field data from 
the second experiment. This simulated data are concentration and δ238U data at specific grid 
spaces during oxidizing conditions for the base model (Figure 13A; 13B) and model with lower 
DO concentrations during NRZ formation (Figure 14A; 14B).  
 
 
Figure 13: Modeled distribution of (A) concentration (µM) and (B) δ238U (‰) of U(VI)aq during 
U(IV)s oxidation after 35 days and (C) concentration (µM) and (D) δ
238U (‰) of U(VI)aq during 








































Figure 14: Influence of lower DO concentrations during NRZ formation ((A) U(VI)aq 
concentration (µM) and (B) δ238U (‰)) and higher permeability ((C) U(VI)aq concentration (µM) 
and (D) δ238U (‰)) on U behavior during periods of oxidizing conditions. More U(IV)s oxidation 




Figure 15: Effect of the Fe(II) sulfide and organic carbon content of the NRZ on oxidation and 
remobilization of U(IV)s. (A) concentration (µM) and (B) δ
238U (‰) of U(VI)aq during U(IV)s 
oxidation of NRZ sediment with an Fe(II) sulfide content half that of the base model (Figure 13). 
(C) concentration (µM) and (D) δ238U (‰) of U(VI)aq during U(IV)s oxidation of NRZ sediment 

































































Table 2: Primary components and aqueous concentrations used with base model.  
Primary Component Concentrations 
pH 7.2 
Fe2+ 0.01866 mM 
Fe3+ Equilibrium with Fe(OH)3 
Na+ 10.85 mM 
Ca2+ 5.79 mM 
Mg2+ 4.536 mM 
Cl- 5.375 mM 
SO42- 8.5 mM 
H2S(aq) 0.0 mM 
CO2(aq) 9.5 mM 
Acetate 0.0 mM 
SiO2(aq) 0.43 mM 
O2(aq) 
0.015 mM, 0.15 mM during 
oxidizing period 
NH4
+ 1.5 mM 
UO2
2+ 0.697 µM 
U4+ 0.0 µM 
 
Table 3: Microbial reduction pathways of sulfate, O2, and U(VI)aq 










Catabolic     
0.125Acetate + 0.125 SO4
-- + 
0.375 H+ → 0.125 H2S(aq) + 
0.25CO2(aq) 
5×10-3 10-4 750c 5.577 
0.125Acetate + 0.25O2+ 
0.125 H+ → 0.25H2O + 
0.25CO2(aq) 
2×10-5 2×10-5 30000c 18.345 
0.125Acetate + 0.5 UO2
++ + 
0.125 H+ → 0.5 U++++ + 
0.75H2O + 0.25CO2(aq) 
5×10-4 10-7 2.0c 6.0858 
a Half saturation of electron donating species 
b Half saturation of electron accepting species 









Table 4: Mineral reactions included within RTM 





Surface area (bulk 
(B) (m2/m3) or 
specific (S) (m2/g) 
C5H7O2N → C5H7O2N(s)
a 15 -7.0 10-4 1 (B) 
Ca2+ + CO3
2- → CaCO3 8.4801 -6.7 0.047 0.013 (B) 
Fe3+ + 3H2O → 3H
+ + Fe(OH)3 -3 -9.43 9.4×10
-4 79.8 (S) 
Fe2+ + H2S(aq) → 2H
+ + FeS(am)




+ → Fe2++ 
SO4
2-+ 0.5H2O 
142.8 -3.0 0, 0.001, 
0.01 
1 (B) 
C2H4O2(s) → Acetate + H
+ 0.5345 -10.0 0, 0.001, 
0.01 
50 (B) 
SiO2(aq) → Quartz 3.9993 -35.5 0.68 3.5 (S) 
U4+ + 2H2O → 4H
+ + Uraninite 4.8372 -22.0 2×10
-6 1 (B) 




29.6 -3.5 2×10-6 1 (B) 
   
a Biomass 






Table 5: Secondary species and their relation to primary species (mass balance equations and 
equilibrium constants) 
Secondary Species Mass Balance Equations log(K25°C)
a 
OH- H2O →  H
+ + OH- 14.9398 
HSO4




- H+ + HCO3
- → H2O + CO2(aq) -6.5804 
CO3
2- HCO3
- → H+ + CO3
2- 10.3288 
FeOH+ Fe2+ + H2O → H
+ + FeOH+ 9.5 
FeCO3(aq) Fe
2+ + HCO3
- → H+ + FeCO3(aq) 5.5988 
CaOH+ Ca2+ + H2O → H
+ + CaOH+ 12.85 
CaCO3(aq) Ca
2+ + HCO3
- → H+ + CaCO3(aq) 7.0017 
CaSO4(aq) Ca
2+ + SO4
2- → CaSO4(aq) -2.1111 
CaHCO3




- + Mg2+ → H+ + MgCO3(aq) 7.3499 
MgCl+ Cl- + Mg2+ → MgCl+ 0.1349 
MgSO4(aq) Mg
2+ + SO4
2- → MgSO4(aq) -2.4117 
Acetic acid(aq) Acetic acid(aq) → H
+ + Acetate 4.7572 
HS- H+ + HS- → H2S(aq) -6.9877 
S-- HS- → H+ + S-- 12.9351 
NH3(aq) H
+ + NH3(aq) → NH4





2- → Ca2UO2(CO3)3(aq) -30.7
b 
CaUO2(CO3)3





















2+ → H+ + UO2CO3(aq) 0.6634 
UO2OH
+ H2O + UO2
2+ → H+ + UO2OH
+ 5.2073 
(UO2)2(OH)2
2+ 2H2O + 2UO2















2+ + 2H2O → 2H








































2+ + 4H2O → 4H
+ + UO2(OH)4
2- 33.0291  
a log(K) values for U species from Guillaumont et al.70 except where indicated 
b from Bernhard et al.71 








 A push-pull bromide tracer experiment was conducted in well JB-04 within the JB NRZ 
in fall 2014. During groundwater pumping, bromide concentrations remained high for an 
extended period. In order to properly model this tailing effect of bromide from the experiment, 
modeling required a lower permeability (10 to 200 times lower) within the NRZ versus the 
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Tracking Uranium Immobilization and Remobilization Using Reactive Transport 
Modeling of Groundwater 238U/235U 
 
Introduction 
 Uranium (U) is a toxic element present in groundwater in a wide variety of environments 
due to mining and processing of U ore for nuclear power and weapons (e.g., Abdelouas1). Due to 
its chemical and radiological toxicity, remediation of U is of utmost importance for affected 
areas (e.g., Brugge et al.2). One method for decreasing groundwater U concentrations at 
contaminated sites is through reduction of soluble U.3,4 
 U has two primary oxidation states: soluble, mobile U(VI) and relatively insoluble U(IV), 
which generally precipitates as U(IV)-bearing minerals or adsorbs strongly to aquifer sediments 
(e.g., Langmuir3; Lovley and Phillips5). This geochemical behavior has been exploited to 
decrease aqueous U levels through reduction of soluble U(VI) to U(IV). One remedial technique 
for reducing U(VI) is biostimulation, which involves injecting an organic electron donor into a 
contaminated groundwater setting to stimulate microbial reduction of U(VI) (e.g., Lovley et al6; 
Williams et al.7; Long et al.8; Shiel et al.9). 
 While aqueous U(VI) concentrations are clearly altered by both U contamination and 
remediation, U(VI) concentrations are also affected by numerous other processes, including 
U(VI) adsorption and U(IV) oxidation. U(VI) is soluble and mobile in groundwater, but a 
significant proportion of U(VI) also typically adsorbs to aquifer minerals (e.g., Zachara et al10; 
Samrat Alam and Cheng11). This adsorption behavior is largely controlled by the complexation 
of the U(VI) ion.12,13 U(VI) is bonded to oxygen in the natural environment to form the uranyl 
ion, UO2





2+ ion can complex with these groundwater constituents to form uranyl carbonate 
complexes (e.g., UO2(CO3)3
4- and UO2(CO3)2
2-) and Ca uranyl carbonate complexes (e.g., 
CaUO2(CO3)3
2- and Ca2UO2(CO3)3(aq)).
12,14 These U(VI) complexes adsorb less than the uranyl 
ion. Through changes in groundwater chemistry such as a shift in pH, U(VI) complexation with 
carbonate and Ca can vary, leading to desorption or adsorption of U(VI). Such effects can 
complicate biostimulation experiments where an organic electron donor is converted by 
microbes to DIC, which drives U(VI) desorption while U(VI) reduction is proceeding. 
Biostimulation can also induce cation exchange with aquifer sediments, increasing Ca2+ 
concentrations, which can also drive desorption during U(VI) reduction.  
 Following bioremediation of U(VI), U may be remobilized through U(IV) oxidation.15,16 
If oxidation of this U(IV) to soluble U(VI) occurs, aqueous U concentrations rebound. However, 
given that a significant fraction of this U(VI) generated through U(IV) oxidation may adsorb to 
aquifer minerals, U(VI) concentrations are an unreliable measure of oxidation rates.  
 A more direct tracer of U(IV) oxidation or U(VI) reduction are changes in 238U/235U. 238U 
and 235U are the two most abundant U isotopes, and small variations in 238U/235U can be utilized 
to track U geochemical reactions. To express these small variations in 238U/235U, delta notation is 
used, which reports 238U/235U as per mil deviations from the CRM-112A standard value:  
δ
238












 -1]x1000‰     (21) 
 Laboratory studies demonstrate that U(VI) reduction is accompanied by significant shifts 
in δ238U.9,17-19 Microbial reduction of U(VI) by environmentally relevant microbial populations 




the remaining U(VI) is driven to lower δ238U values.17,18 The isotopic fractionation (ε238U = 
0.68‰-0.99‰) induced by this kinetic process is reported in ε notation:  
 
𝜀 = (𝛼𝑘 − 1) × 1000‰  (22) 
 
Where αk is the isotopic fractionation factor: 
 
 𝛼𝑘 =  
𝑘238𝑈(𝑉𝐼)
𝑘235𝑈(𝑉𝐼)
⁄  (23)  
 
here the values of k are the rate constants of the reduction reaction for 
238U(VI) and 235U(VI).   
U(VI) reduction may occur via reaction with solid-phase Fe(II) sulfides,20 which commonly form 
during biostimulation as a result of Fe(II) produced by microbial reduction of Fe(III) oxides and 
sulfide produced by microbial sulfate reduction.   U(VI) reduction by sulfide minerals results in 
an isotopic fractionation similar to that of microbial U(VI) reduction (ε238U up to 0.83‰)19. 
However, an earlier study suggests that abiotic reduction of U(VI) by aqueous reductants, such 
as Fe(II) and sulfide, produces no isotopic fractionation or a small, negative ε238U.17  In general, 
most mechanisms of U(VI) reduction are accompanied by relatively large decreases in the δ238U 
of the remaining aqueous pool, and thus, δ238U measurements can be used as an indicator of 
U(VI) reduction in natural systems.  This isotopic redox sensitivity provides a significant 
improvement over inferences based on concentration measurements alone. 
  Variation in 238U/235U may also be utilized to detect mobilization of U following the 
cessation of artificial electron donor addition. If oxidants such as nitrate or dissolved O2 (DO) 




potentially react with U(IV) to produce U(VI), thus undermining the viability of the 
bioremediation effort.15,21-23 Since the U(IV) produced by biostimulation is enriched in 238U, its 
mobilization as U(VI) should result in an increase of groundwater 238U/235U.  This has been 
demonstrated under field conditions.16 
 U(VI) adsorption has a relatively minor effect on U isotopes, with 235U(VI) adsorbing 
preferentially via an equilibrium fractionation process (Δ238U = δ238Uads - δ
238Uaq ≈ -0.17‰).
24-26 
The isotopic shift induced by U(VI) adsorption is smaller than that expected from U(VI) 
reduction or U(IV) oxidation. Therefore, δ238U measurements coupled with chemical 
measurements of groundwater should improve detection and quantification of U(VI) reduction 
and U(IV) oxidation.  
 Numerous models have been developed to track U contamination and remediation (e.g., 
Li et al.27; Li et al.28; Yabusaki et al.29). These models relied on well-characterized groundwater 
transport and adsorption/desorption parameters to accurately estimate U(VI) removal by 
reduction. δ238U data can provide additional information within such models as a reliable 
indicator of U(VI) reduction that is not strongly impacted by adsorption/desorption. Simplified 
models have successfully reproduced the relationship between U concentration and δ238U during 
biostimulation, but these were somewhat crude models focused completely on U behavior, and 
the mechanisms of U(VI) removal were arbitrary.9 Through incorporation of δ238U into a more 
complete model including a large number of relevant geochemical and hydrologic observations, 
we aim to reliably track U removal during U(VI) reduction and U remobilization during U(IV) 
oxidation. The impact of microbial, geochemical, and hydrologic complexities on δ238U will be 








 Two biostimulation experiments occurred in consecutive years, 2010 and 2011, at the old 
Rifle site, which has been thoroughly described in previous reports.8,9 In short, the old Rifle site 
was formerly the location of a mill that processed U ore.7,30 Mill tailings and retention ponds 
present on site lead to U leaching into the vadose zone and groundwater. While the mill tailings 
were later removed, U groundwater contamination has remained.7,30 The U.S. Department of 
Energy has installed dozens of groundwater monitoring wells on the site, and these closely 
spaced wells, along with a daily to weekly sampling schedule during the two biostimulation 
experiments, provides a high-resolution geochemical and U isotope dataset9 ideal for the present 
model development. We also study a nitrate injection experiment that was conducted in 2013, 
which explored the groundwater δ238U response to U(IV) oxidation.16 
 These experiments occurred within a single well array, plot C, which consists of 10 
acetate injection wells (CG-01 to CG-10), several wells upgradient of the injection gallery to 
observe background conditions (CU wells), and numerous downgradient wells (CD wells) to 
observe the effects of biostimulation and microbial U(VI) reduction (Figure 16). In both 
biostimulation experiments, sodium acetate was injected as an organic electron donor to 
stimulate microbial U(VI) reduction. We focused on a single well, CD-01, two meters 
downgradient of the acetate injections, for the purposes of the present model development.  
 In the year 1 experiment, groundwater was extracted upgradient of the primary well 
gallery from well CU-01, and mixed in a tank under anaerobic conditions with sodium acetate 




mM acetate and 20mM bromide9 (Table 6). This mixture was then injected in wells CG-01 
through CG-10, in order to deliver the solution across the entirety of plot C, at a calibrated rate 
creating groundwater concentrations of approximately 5mM acetate and 2 mM bromide along 
the injection gallery (Figure 16). Cross-well mixing between the injection wells assured an even 
concentration of acetate and bromide across plot C.  
 The following year, the second experiment was conducted in plot C. This experiment was 
conducted in a similar manner, but delivered a higher concentration of sodium acetate to 
injection wells CG-01 through CG-05 to produce a groundwater acetate concentration roughly 
four times that of the earlier experiment.  This second experiment also took place over a longer 
time period (72 days versus 23 days) (Figure 16; Table 6).9 The combination of higher acetate 
concentration and longer duration was designed to push the system further into sulfate-reducing 
conditions and to investigate how prolonged acetate amendment affected U(VI) reduction.9  
 Two years after the year 2 experiment, nitrate was injected into the same plot to induce 
oxidation of the U(IV) produced during the previous biostimulation experiments. Groundwater 
from upgradient well CU-01 was pumped into a storage tank and amended with sodium nitrate 
and deuterated water (a conservative transport tracer) to obtain a nitrate concentration of 2.9 mM 
and δ2H of ~210‰ (Table 6).31 This amended groundwater was delivered into injection wells 
CG-01 through CG-05 using cross-well mixing to produce nitrate concentrations of ~0.5 mM 
across the injection array for 23 days (Figure 16). After 23 days, the injection rate was increased, 
raising nitrate concentrations to ~2 mM for 11 days.31 This reoxidation experiment was designed 
to study the stability of U following bioremediation, to explore whether U remobilization during 
oxidation could affect the viability of bioremediation strategies, and to determine if U isotopes 




 During the 2013 U(IV) oxidation experiment, U mobilization was tracked using U 
isotopes.16   A simple mixing model was used to distinguish the contributions of background 
U(VI) and high- δ238U oxidized U(IV) and provided a reasonable fit to the δ238U and U(VI) 
concentration data.  However, this method required numerous assumptions, omitted the spatial 
complexity of the system, and was thus not ideally suited for quantifying oxidation rates. This 
study attempts to simulate U(IV) oxidation using a numerical modeling approach in order to 
improve our understanding of how physical and isotopic heterogeneity control U isotopes and 
geochemistry during U mobilization. 
 The two biostimulation experiments allow exploration in this study of how changes in the 
microbial community affect U(VI) reduction. Microbial community dynamics play a crucial role 
on U(VI) removal. U(VI) is enzymatically reduced by iron reducing bacteria (FeRB),32 so 
changes in the quantity and distribution of FeRB impact the removal of U(VI). In a previous 
study at the old Rifle site, FeRB appeared to grow when acetate was injected into a previously 
unamended portion of the aquifer, leading to earlier reduction of Fe(III) oxides and production of 
Fe(II) during subsequent biostimulations.33 Modeling suggested that FeRB became concentrated 
in locations containing more Fe(III) oxides.28,34,35 This impact is observed in the biostimulation 
experiments in plot C where more rapid reduction of U(VI) is observed during the year 2 
experiment versus the initial biostimulation.9 Sulfate reduction occurs more rapidly in the year 2 
experiment as well.9 Druhan et al.33 observed this same effect during several acetate injections at 
the Rifle site where subsequent injections of acetate were accompanied by enhanced sulfate 
reduction rates and earlier onset of sulfate reduction. Reactive transport modeling demonstrated 
that sulfate reducing bacteria (SRB) which grew during the biostimulation experiments died off 




return to background conditions.  As a result, more SRB were available for subsequent acetate 
injections. Notably, Druhan et al.33 showed that the spatial distributions of SRB were altered, 
such that more SRB accumulated near the injection wells where reducing conditions were 
strongest and electron donor supply was high. The size and spatial distribution of SRB also 
influenced how S isotopes evolved during biostimulation.33 The evolution of U isotopes during 
the biostimulation experiments in plot C are likely controlled by the size and spatial distribution 
of FeRB. Therefore, accurate modeling of the data from both years requires continuous modeling 
of the year 1 experiment, the period between acetate injections, and the year 2 experiment to 
account for changes in the microbial community. We can directly study the impact of the 
microbial community on U(VI) removal and δ238U using the high-resolution datasets of both 
biostimulation experiments. 
 Two previous studies have investigated the isotopic signatures associated with the two 
biostimulation experiments. Shiel et al.9 demonstrated that a decrease in aqueous δ238U 
consistently occurred during microbial U(VI) reduction in both the year 1 and year 2 
experiments, which agreed with laboratory studies and an earlier limited field study at the old 
Rifle site.9,18,36 During the year 2 experiment, following the cessation of acetate, δ238U and U(VI) 
concentrations remained low for an extended period (150 days) (Figure 16). Little to no acetate 
likely remained at this time,9 but reductive removal of U(VI) continued. One possibility is that 
U(VI) was removed through reduction by solid-phase Fe(II) sulfides (FeS), which a laboratory 
study suggests preferentially removes 238U(VI).19 Because the extended acetate injection of the 
year 2 experiment induced sulfate-reducing conditions,9 it is highly likely that significant 
amounts of FeS were produced that could continue to reduce U(VI) after removal of the organic 




create a source of organic electron donor that supported continued FeRB and SRB activity (this 
reuse of carbon can be referred to as “cryptic growth”)37,38 and prolonged the reductive removal 
of U(VI), extending the period of low δ238U and U(VI) concentrations. 
 Another notable feature of the Shiel et al.9 dataset is that the authors proposed a series of 
simple Rayleigh distillation models to support the hypothesis that 238U/235U ratios track U 
microbial reduction. Rayleigh models are highly simplified approximations of aquifers, as they 
can be rigorously applied only to well-mixed systems where U removal occurs exclusively and 
irreversibly through U(VI) reduction.  Competing transport and transformation processes are 
either ignored or approximated. Such Rayleigh models are thus often oversimplified when 
applied to groundwater systems with spatially variable flow and reaction rates and multiple 
geochemical reactions.39-42 In the Shiel et al.9 study, these Rayleigh models did not consistently 
fit the year 1 and year 2 data, particularly at low U concentrations where measured δ238U values 
were substantially less depleted than expected by the simplified models. Shiel et al.9 achieved a 
reasonable fit to the data by adding a simple “memory” effect, generating less depleted δ238U 
values during the most reducing conditions of the experiments. This “memory” was implemented 
as a coarse representation of the influence of low permeability zones in the aquifer which likely 
retain unreacted U(VI) with higher δ238U values and slowly release it to mix with faster flowing 
waters.  However, this analysis considered only the relationship between δ238U and U(VI) 
concentration, and did not explicitly incorporate physically heterogeneous transport or aquifer 
processes, such as U(VI) adsorption and microbial community dynamics.    
 Bizjack43 attempted to create a much more complete and accurate model for the year 1 
and year 2 data using an isotope-enabled, multi-component reactive transport model that directly 




U(VI) from finer-grained strata. The inclusion of slow flow zones in the Bizjack43 model is 
directly analogous to a dual-domain model, which is a well-tested approach44-47 that has 
previously been developed to simulate U geochemistry in the Rifle aquifer.30 The dual domain 
approach conceptualizes the aquifer as a mobile domain where solute transport is controlled by 
advection and an immobile domain where solutes can slowly diffuse to and from the mobile 
domain.46,47  This simplified approach represents transport along preferential flow paths and 
transfer into and out of slow flow zones, such as small clay lenses, which contain both aqueous 
and adsorbed U(VI). During periods of biostimulation in which aqueous U(VI) concentrations 
are decreased in the through-flowing sections of the aquifer, this less fractionated U(VI) was 
slowly released from the slow flow lenses by diffusion, preventing δ238U from decreasing as 
significantly as a Rayleigh model would predict. Bizjack43 modeled these slow flow zones 
through a “quasi-1D” domain that was volumetrically much smaller (≥400 times) in the direction 
transverse to flow versus parallel to flow.  
 Bizjack43 successfully simulated the year 1 experiment through inclusion of slow flow 
zones, but application of this simulation to the year 2 experiment could not successfully replicate 
the data. Here, we examine the impacts of adding several additional reactive processes known to 
occur in the aquifer in order to reconcile the disparity between year 1 and year 2.  Inclusion of 
these processes allowed modeling of both biostimulation experiments with a single parameter 
set.  More importantly, treatment of the influence of each process within the coupled model 
framework demonstrates clear improvement in reproducing the data, and thus allowed us to more 
fully interpret and quantify the geochemistry and solute transport phenomena affecting U 
contamination and remediation.  Finally, the process of fitting the model to both the U(VI) 




complement solute concentration data and provide more direct evidence for U(VI) reduction than 
U(VI) concentrations. 
 
Reactive transport modeling 
 The open source, isotope-enabled, multicomponent reactive transport software 
CrunchTope was used in this study to simulate the combined effects of U geochemical reactions 
and transport during biostimulation and subsequent oxidation.48 Our simulations focused on 
isotopic and chemical measurements taken from downgradient well CD-01 during the year 1 and 
year 2 biostimulation experiments and later oxidation experiment. The reaction network of these 
models was initially identical to that of the previous Bizjack43 study; we subsequently 
incorporated a suite of additional processes known to occur in the system. Simulations were run 
continuously over the year 1 acetate injection, 1 year recovery period, year 2 acetate injection, 2 
year recovery period, and nitrate injections with identical reaction networks. Injections of acetate 
or nitrate were simulated by changing the upgradient boundary condition to elevated acetate, 
bromide, and/or nitrate concentrations appropriate for each experiment as summarized in Table 
7. Flow velocity, fit to the bromide and δ2H data, was simulated by imposing a pressure 
differential across the upgradient and downgradient boundaries. Longitudinal dispersivity was 
set to 40 cm, consistent with previous models of the Rifle site.27-29 The reaction network included 
multiple aqueous complexes of U(VI) and other solutes (Table 8). A competitive cation 
exchange model was included to reproduce Ca, Na, and Mg concentration changes during 
biostimulation (Table 9). U(VI) adsorption was modeled separately using a surface complexation 
model developed specifically for the Rifle site (Table 10).49,50 U(VI) can adsorb to bulk sediment 




agreement with small shifts in 238U/235U ratio during adsorption of U(VI) reported by Jemison et 
al.25 and Dang et al.,26 where the adsorbed phase was slightly depleted in 238U. Dissolution and 
precipitation of solid mineral phases was simulated using transition state theory rate expressions 
(Table 11).51 Our simulations also included respiration and growth of Fe-reducing bacteria 
(FeRB) and sulfate-reducing bacteria (SRB) (Table 12). Microbial U(VI) reduction was 
catalyzed by FeRB in our simulations, which agrees with previous research.32 While SRB can 
also reduce U(VI),18,52 previous field experiments at Rifle, CO suggest that U(VI) reduction is 
primarily catalyzed by FeRB.7,32 Reaction rates were constrained using observed data and prior 
studies.43  
 The reduction of sulfate, Fe(II) oxides, and U(VI) was simulated using dual-Monod 
kinetics, which has been applied in previous modeling studies of biostimulation at the Rifle site 
(e.g., Bao et al.35; Long et al.8). Using microbial U(VI) reduction as an example, the rate 
















) (1 − 𝑒𝑥𝑝 (
𝛥𝐺+𝑚𝛥𝐺𝐴𝑇𝑃
𝜒𝑅𝑇
) )  (24) 
where r is the total rate of reduction of UO2
2+ by the FeRB microbes (mol/L/yr), μ is the 
maximum specific growth rate of FeRB (mol/mol-biomass/yr), [Bio] is the amount of biomass 
present (mol-biomass/L), the KS parameters are the half-saturation constants (mol/L) of UO2
2+ 
and acetate, and [UO2
2+] and [Ace] are the activities of the electron acceptor and donor, 
respectively.  Parameter values are summarized in Table 12. Thermodynamic parameters ΔG 
(minimum free energy of the reaction) (kJ/mol), ΔGATP (free energy required to produce ATP) 
(kJ/mol ATP), χ (the average stoichiometric number), R (the gas constant) (kJ/mol*K), and T 




needed to drive the reaction forward.53 A standard value for ΔGATP was taken from Jin and 
Bethke.53 This overall approach accounts for both an increase in the apparent rate of reaction 
given an increase in biomass (i.e. growth) and for shifts between zero and first order reaction 
kinetics as reactant concentrations become depleted. This capability was significant to the 
current study in that aqueous U concentrations decrease during acetate amendment to values 
close to the range of half saturation constants employed in this and other studies.29,34,54 
 Isotopic fractionation of U(VI) by microbially catalyzed reduction was also treated within 
the dual-Monod rate expression. Reduction of 238UO2
2+ and 235UO2
2+ occurred simultaneously 
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) ) (26) 
A fractionation factor was incorporated into the model via the ratio of the maximum specific 
growth rates for each isotope: 
 𝛼𝑘 =  
𝜀
1000‰






𝐴𝑐𝑒235⁄  (27) 
In the present study, we selected a fractionation of ε=0.85‰, which agrees with previous 
laboratory experiments of microbial U(VI) reduction (ε=0.68‰-0.99‰)18 and with rough 
estimates of ε during the year 1 and year 2 experiments using Rayleigh models.9 In addition to 
microbial U(VI) reduction, U(VI) was abiotically reduced by aqueous sulfide, which is produced 
by microbial sulfate reduction in our simulations. This reduction pathway did not fractionate U 




 In order to resolve the coupled behavior of U concentration and isotope fractionation, we 
also systematically examine the effects of several additional physical and chemical influences on 
the system. We tested the effects of several variables, which included microbial decay, 
heterogeneous distribution of Fe oxides and FeRB, U(VI) reduction by solid-phase Fe(II) 
sulfides (FeS), cryptic growth, and U(IV) oxidation (Table 13). Each of these variables 
(described in detail below) was added in succession to the base models of Bizjack43 to 
investigate their impacts on solute concentrations and δ238U during the year 1 and year 2 
experiments. 
 The base models of Bizjack43 were all run across a homogeneous advective domain, with 
some models including an additional slow flow zone in a dual-domain approach. When a simple 
1D advective domain was employed, the models are referred to as homogeneous models or HM 
hereafter. With the inclusion of a slow flow zone adjacent to the advective zone, the models are 
referenced as slow flow models or SFM (Figure 17). This simplified arrangement is designed to 
simulate lower permeability lenses that interacted diffusively with advective regions. The slow 
flow zone has a permeability 6 orders of magnitude lower than the advective zone, effectively 
limiting solute transport to diffusive processes. Porosity of the slow flow zone was also reduced 
to 3%, which is significantly lower than that of the advective zone (25%), allowing U(VI) 
transport to be controlled primarily by advection in the advective zone. This physically 
discretized approach provides an explicit representation of diffusive exchange of U(VI) between 
the advective and non-advective zones. 
 Another factor potentially impacting U concentrations during biostimulation is the 
diversity, size, and spatial distribution of the microbial community. FeRB and SRB accumulate 




donor is most available.33 The size and distribution of the microbial community is critical in 
controlling the rates of reductive removal of U(VI) and sulfate.  As a result of the initial acetate 
injections, the microbial community was altered, and subsequent amendments are anticipated to 
be associated with earlier onset of reduction of sulfate and U(VI) and more complete reductive 
removal of sulfate and U(VI).  
 Microbial decay rates impact the microbial community as well. A microbial decay term 
has previously been included in several models of biostimulation at the old Rifle site29,33 in order 
to regulate the accumulation of biomass due to anabolic growth. This microbial decay represents 
the general loss of active microbes through death, dormancy, or detachment from aquifer 
surfaces and advection out of the biostimulation area. In this study, we often refer to microbial 
decay as microbial death, but these other processes are also expected to cause loss of microbes. 
With microbial decay of SRB and FeRB included, the size and spatial distribution of the 
population begin to return to background conditions, resulting in less rapid removal of sulfate 
and U(VI) in the early stages subsequent biostimulation experiments.  We include decay of both 
FeRB and SRB to better describe U(VI) and sulfate concentrations during the year 2 experiment 
(Table 13). The decay rate of SRB and FeRB were optimized to best fit sulfate and U(VI) 
concentrations, respectively, in the year 1 and year 2 experimental datasets.  
 An additional factor potentially affecting the operation of the system is the distribution of 
Fe(III) oxides and FeRB. FeRB concentrate in areas of high Fe(III) oxide concentration, because 
FeRB thrive where they have greater availability of the electron acceptor.28,34,35 Prior studies 
have reported an inverse relationship between solid-phase Fe(III) oxide concentration and 
permeability of aquifer sediment in Rifle, CO.  This relationship has been incorporated into 




permeability would thus concentrate the majority of microbial reduction of Fe(III) oxides and 
U(VI) to these areas. We test the necessity of including this non-uniform distribution of reactive 
solids in the current simulations by including a 4-fold greater concentration of Fe oxides and 
FeRB within the low-flow subdomains, relative to the advective domains of the system (Table 
13). In relation to the simulations with uniform distributions of Fe oxides and FeRB, we double 
the amount of Fe oxides and FeRB in the slow flow zone, while halving the amount of Fe oxides 
and FeRB in the advective zone. This extent of Fe heterogeneity was selected to correspond 
roughly with the differences in distribution of Fe(III) oxides previously modeled at the Rifle 
site.28,34  
 Another phenomenon potentially affecting U isotopes is U(VI) reduction via solid-phase 
Fe(II) sulfides (FeS). After acetate injection ended in the year 2 experiment, the system exhibited 
an extended period of low δ238U and U(VI) concentrations suggesting additional sustained 
reduction. This U(VI) reduction likely occurred via reaction with FeS, which is produced as a 
byproduct of biostimulation, particularly when the system reaches significant rates of sulfate 
reduction.20,56 A recent study demonstrated that abiotic U(VI) reduction by FeS resulted in 
isotopic fractionation,19 but this fractionation has not previously been directly observed in the 
field. If this pathway is in fact fractionating, it may delay the recovery of δ238U to background 
values following biostimulation. We test the potential influence of this fractionation by 
incorporation of the direct reduction of U(VI) with FeS using an ɛ of 0.75‰ (Table 13). Highly 
reactive FeS can slowly age and oxidize over time,20,57,58 thus we also include a decay term for 
FeS in our simulations as aging FeS becomes less reactive. The rate constants for the FeS decay 
reaction and FeS reaction with U(VI) were optimized to best fit U(VI) concentrations during the 




 This observed extended period of low δ238U and U(VI) concentrations following the year 
2 injection could also be due to decay of microbes providing a supply of organic compounds that 
could be utilized by living FeRB and SRB for reduction of Fe(III) oxides, U(VI), and sulfate. 
This reuse of carbon by microbes is often referred to as a “cryptic growth” pathway.37,38 We 
explore the potential influence of this alternate carbon supply by including a decay term whereby 
the immobile biomass is converted to acetate, which then acts as a bioavailable electron donor 
(Table 13). The rate of cryptic growth was selected to produce acetate over an extended period 
after biostimulation experiments in order to best fit the year 2 experiment.  
 Finally, oxidation of U(IV), which remobilizes U as U(VI), could have occurred during 
periods of elevated dissolved oxygen and/or nitrate concentrations.15,21-23 Fe(II) sulfides could 
have also reacted with and depleted these oxidants, thereby protecting U(IV) from oxidation.22,23 
We included oxidation reactions of U(IV) and FeS with nitrate to track U(IV) oxidation during 
the nitrate injection experiment (Table 13). Fe(II) sulfide oxidation was implemented at a slightly 
faster rate than U(IV) oxidation to allow the sulfide minerals to act as a buffer to U(IV) 
dissolution.21 U(IV) oxidation was simulated without any isotopic fractionation, consistent with 
prior laboratory studies.59 
 This study provides a quantitative framework to explore the key factors contributing to 
our U isotopic data, and thus enables the use of these data as a novel constraint for simulations of 
U removal during biostimulation and U remobilization during oxidation. We investigate the 
impacts of:  1) Microbial death; 2) Heterogeneous distribution of Fe oxides and FeRB; 3) U(VI) 






Results and Discussion 
Year 1 experiment 
 The first year’s acetate injection involved delivery of a relatively low concentration of 
acetate over a short period of time, in comparison to the year 2 injection. Figure 18 displays the 
Br, acetate, Na, Ca, DIC, Fe(II), sulfate, and U concentrations, and δ238U measurements from 
well CD-01 during the year 1 experiment, along with four simulations. These simulations use the 
HM model, the one that includes only a simple homogeneous advective domain. Four 
simulations are presented: The original HM simulation of Bizjack43, and three new ones in which 
we added, successively, three additional processes expected to occur in the system: 1) Microbial 
death of FeRB and SRB; 2) U(VI) reduction with FeS; and 3) cryptic growth (use of organic 
carbon from lysed microbes). Controlling parameters for each process are individually optimized 
to best-fit both this initial year 1 experiment as well as the subsequent year 2 experiment 
(discussed below). Other parameters from the original Bizjack43 model were not changed, in 
order to clearly show the effects of the added processes. Through the sequential addition of these 
processes, we explore their effects on U concentrations, δ238U, and other geochemical variables 
in well CD-01.  
 A similar array of models is presented for the dual domain aquifer (SFM) case (Figure 
19).  Five simulations are presented, which include the original SFM of Bizjack43, and four 
models which successively added: 1) Microbial death of FeRB and SRB; 2) Heterogeneous 
distributions of Fe oxides and FeRB; 3) U(VI) reduction by FeS; and 4) Cryptic microbial 





 Examination of the field data (Figure 18) reveals ensemble behavior of the system, and 
the reactive transport simulations reveal the principle reaction pathways and transport processes 
which contribute to these observations. During the year 1 experiment, acetate and bromide were 
injected for 14 days, followed by a pause of 6 days while the injection tank was refilled before a 
second injection period of 9 days.9 The bromide and acetate concentration data correspondingly 
display two peaks as these species migrate downgradient during the two injection periods (Figure 
18A; Figure 18B). Sodium also exhibits two peaks due to its inclusion in the injectate as sodium 
acetate and sodium bromide (Figure 18C). Calcium concentrations display two peaks as well, 
due to ion exchange of dissolved sodium with Ca within the aquifer sediment (Figure 18D). 
Total inorganic carbon (TIC) also exhibits two peaks with a rapid increase above background 
levels, a return to near background, and then a second increase (Figure 18E). The initial peak is 
likely due to the presence of unintended higher TIC levels in the injectate tank during the first 
injection.43 This known experimental problem was included in the simulation. In the second 
injection period, the injectate did not contain elevated levels of TIC. The second peak is due to 
the microbial oxidation of acetate to TIC as microbial growth increased metabolism of the 
organic electron donor.  
 Fe(II) concentrations increase during biostimulation, as Fe(III) oxides are microbially 
reduced (Figure 18F). Sulfate concentrations decrease slightly near the end of the acetate 
injection when SRB grow to a large enough population that a significant portion of sulfate is 
reduced (Figure 18G). However, the majority of this decrease in sulfate concentrations is likely 
due to natural, seasonal shifts in sulfate concentrations as observed in the upgradient CU-01 well 
(Figure 18G). U(VI) concentrations initially increase after the onset of injection as increased TIC 




U(VI) concentrations steadily decrease to a minimum of 0.03 µM by the end of the injection.  
Beginning shortly after the cessation of injection, the concentration recovers slowly to 
background levels (Figure 18H). δ238U quickly decreases to -1.0‰ within 20 days of the start of 
the acetate injection. Over the next 20 days, δ238U gradually decreases to a minimum of -1.25‰, 
and then δ238U slowly recovers following cessation of acetate (Figure 18I).  
 The conservative bromide tracer concentrations are accurately simulated by all of the 
models, which use the groundwater velocity and dispersion parameters optimized in Bizjack 
(2016). Bromide is not strongly impacted by any of the additional reactive pathways we tested 
(Figure 18A). Notably, the addition of a slow flow zone has only a minor effect on bromide 
concentrations (Figure 19A). This is the result of the relatively low volume of pore space in the 
slow flow zone in comparison to the advective zone, such that little bromide can be stored within 
this volume. Acetate concentrations similarly are not strongly affected by adding a slow flow 
zone (Figure 19B).  
 However, the addition of a slow flow zone in the dual domain models does influence the 
behavior of other geochemical constituents present in the background aquifer. This addition 
dampens the initial sodium peak as excess Na+ diffuses into the slow flow zone subject to 
competitive cation exchange (Figure 18C; Figure 19C). Without any slow flow zones, U(VI) 
concentrations are simulated reasonably well in the HM models during most time points, but 
model concentrations decrease to 100 times lower than observed concentrations at the most 
reducing conditions (Figure 18H). The overestimated removal of U(VI) is strongly reflected in 
the isotopic data, as δ238U decreases to extremely low values of about -5‰ in homogeneous 
models, in agreement with the simple Rayleigh model predictions of Shiel et al.,9 and much 




 The slow flow dual domain architecture was added to simulate the slow release of U(VI) 
from small clay-rich lenses, which can prevent δ238U from decreasing as significantly as in a 
homogeneous system.43 Less fractionated U(VI) slowly diffused from the slow flow zone, 
buffering δ238U in the advective flow path and preventing the large decrease observed in the HM 
model. The addition of the slow flow zone greatly improves the simulated δ238U, with δ238U 
decreasing to a minimum of -2.5‰ in the base model (Figure 19I). The recovery to background 
δ238U is also too rapid in HM simulations (Figure 18I) and the slow flow zone slows this 
recovery of δ238U. However, the simulations still rebound too rapidly (Figure 19I). Thus, adding 
a slow flow zone greatly improves the simulation of δ238U, but significant mismatch remains and 
suggests additional complexity exists in the system. 
 Changing the distributions of Fe oxide and FeRB within the SFM simulations has a 
substantial influence on U behavior (Figure 19H; Figure 19I). In agreement with the inverse 
relationship observed at the Rifle site between Fe mineral content and aquifer permeability,28,34 
this simulation incorporated more Fe oxides and FeRB to the slow flow zone, while removing Fe 
oxides and FeRB from the advective zone. The resulting simulation exhibits higher U(VI) 
concentrations and δ238U throughout the experiment, relative to the base SFM model, as U(VI) 
reduction is concentrated within the slow flow zone, with much lower U(VI) reduction rates in 
the advective zone (Figure 19H; Figure 19I). This generates more fractionated U(VI) within the 
low flow zone, but at the same time allows less fractionated U(VI) to travel along the advective 
zone. The incorporation of heterogeneous distributions of Fe oxide and FeRB results in a poorer 
reproduction of Fe(II) concentrations (Figure 19F). Observed Fe(II) concentrations increase to 
0.1 mM, but simulated Fe(II) concentrations increase to 4mM during biostimulation as intense 




heterogeneity in Fe oxide and FeRB concentrations has a strong effect on U and Fe behavior 
during bioremediation, and thus both physical and chemical heterogeneity exert first order 
influences on U behavior during biostimulation. 
 It is important to note that model parameters were not re-optimized after the 
incorporation of heterogeneity in Fe oxides and FeRB (this is also true for the other model 
changes).  The models shown in Figure 19 serve to show the general effect of these sequential 
additions to the complexity of the reactive transport system.  As we show below, once the 
general effects of the added phenomena were explored, a global re-optimization of parameters 
improved the model’s match to the data and, in particular, removed the glaring mismatch with 
the Fe data. 
 The inclusion of microbial death allows the FeRB and SRB microbial populations to 
decrease following periods of rapid growth during biostimulation. This is particularly relevant to 
the simulation of the year 2 acetate injection as the microbial population decreases significantly 
between biostimulations (see below), but its effect on solute concentrations during the year 1 
experiment is relatively small.  The inclusion of FeRB and SRB decay rates has a minor effect on 
sulfate behavior. Sulfate concentrations decrease in all HM and SFM simulations, but the 
inclusion of microbial decay produces a smaller decrease, given that less SRB are present as 
biostimulation ceases (Figure 18G; Figure 19G). In order to reproduce U(VI) concentrations in 
the year 2 experiment, the decay rate of FeRB needs to be relatively slow. With this slow decay 
of FeRB, U and Fe(II) concentrations are not strongly impacted.  
Including the reductive removal of U(VI) supported by both FeS and cryptic growth may 
be helpful for simulating the extended U(VI) reduction following acetate injection during the 




sulfate-reducing conditions, little FeS is available to reduce U(VI). Similarly, because the mass 
of acetate injected was relatively small, only small amounts of biomass were available to drive 
cryptic growth.  Accordingly, adding cryptic growth does not strongly affect U behavior during 
the year 1 experiment. While FeRB and SRB multiply during the year 1 experiment, not enough 
biomass is generated to produce significant amounts of bioavailable carbon to promote U(VI) 
reduction.  
In summary, the year 1 simulations demonstrate that U isotopes are highly sensitive to 
both physical and chemical heterogeneities of the flow field and mineralogy and thus offer 
improved constraint on these parameters beyond what may be resolved based on concentration 
measurements. The addition of microbial decay and U(VI) reduction supported by FeS or cryptic 
growth had little effect on the year 1 experiment, but these processes become more important in 
the year 2 experiment.  
 
Year 2 experiment 
 The year 2 experiment involved a longer injection using a higher concentration of acetate, 
which induced higher rates of sulfate reduction. In addition, microbial growth during the year 1 
experiment increased the amount and changed the distribution of FeRB and SRB available to 
reduce sulfate, Fe(III) oxides, and U(VI) during the year 2 experiment. Figure 20 displays 
measurements of Br, acetate, Na, Ca, DIC, Fe(II), sulfate, and U concentrations, and δ238U, from 
well CD-01.  Four HM simulations, which contain identical reaction pathways to the year 1 HM 
simulations, are run continuously over the complete duration of the year 1 experiment, 11 
months of recovery, and the year 2 experiment. As with year 1, the four simulations are:  The 




complexities of microbial death of FeRB and SRB, U(VI) reduction with FeS, and cryptic 
growth.  
 In addition, we present in Figure 21 a similar array of five models, all of which feature a 
slow flow zone (SFM simulations) using a dual domain structure. These five are the original 
SFM of Bizjack43 and four models in which we successively added the complexities just as we 
did for year 1.  The four sequential model additions are:   1) Microbial death; 2) Heterogeneous 
distributions of Fe oxides and FeRB; 3) U(VI) reduction with FeS; and 4) Cryptic growth. As 
with Figures 18 and 19, the intention is to explore how these processes affect geochemical 
concentrations and δ238U during bioremediation. Here we pay particular attention to ways in 
which the second biostimulation experiment displayed different chemical behavior from the 
results of the first year. 
 More acetate was added in the year 2 experiment, resulting in higher acetate 
concentrations of up to 16mM in the downgradient wells, which decreased to ~10mM in well 
CD-01 as SRB began to accumulate and use acetate to drive sulfate reduction (Figure 20B). 
Sulfate was almost completely consumed by SRB later in the experiment (Figure 20G). Fe(II) 
concentrations remained low during the experiment, despite reduction of Fe(III) oxides, as a 
result of Fe(II) rapidly reacting with sulfide to produce solid-phase FeS (Figure 20F). TIC 
concentrations increased up to 25mM, particularly at the later stages of the experiment, as SRB 
were rapidly oxidizing acetate (Figure 20E). Following the start of the acetate injection, U(VI) 
concentrations decreased quickly to a minimum of 0.04 µM and remained low for over 100 days 
after the cessation of acetate delivery (Figure 20H). δ238U decreased to -0.8‰ during the acetate 
amendment, then notably decreased even more to a minimum of -1.8‰ 130 days after the acetate 




 Our simulations demonstrate the impact of this second, more extended biostimulation 
experiment and the unique features associated with significant rates of sulfate reduction. While 
the addition of a low flow zone greatly improved simulation of δ238U during the year 1 
experiment, this physical heterogeneity alone did not result in reasonable simulation of the year 2 
dataset. Under year 2 conditions, with increased availability of both FeRB (due to microbial 
growth during the first experiment) and acetate, simulated U(VI) reduction rates are rapid, 
driving δ238U far below observed values. In both HM and SFM simulations, δ238U dropped 
rapidly below -10‰ during the period of augmented biostimulation. In the SFM model, the 
diffusive exchange with the low flow zone that buffered δ238U well during year 1 was not strong 
enough to avoid these very low δ238U values in year 2.  
 The addition of microbial death of FeRB and SRB is crucial to accurately simulate both 
acetate and sulfate time-series during the year 2 experiment. Microbial growth during the year 1 
experiment results in increased populations of both SRB and FeRB, which are then available 
during the year 2 experiment, leading to rapid use of acetate immediately after injection initiates. 
Without microbial decay in the HM and SFM models, acetate concentrations reach a maximum 
of only 8 mM, far below the observed peak of 16mM at the beginning of acetate injection. 
Furthermore, the unchecked populations which accumulated during the year 1 experiment 
quickly utilize acetate for reduction of Fe(III) oxides and sulfate, resulting in high TIC and Fe(II) 
concentrations and low sulfate concentrations that poorly reproduce our field observations 
(Figure 20B; Figure 21B). With the addition of microbial decay, a substantial portion of the SRB 
population that accumulated in the year 1 experiment is lost during the 11 month recovery 
period, resulting in a significantly improved reproduction of TIC and sulfate concentrations 




concentrations increasing to 3mM (Figure 20F; Figure 21F). U(VI) reduction rates including 
microbial death similarly remain too fast, with U(VI) concentrations decreasing to very low 
levels and associated δ238U decreasing to -10‰, which is drastically different from the observed 
-0.8‰ (Figure 20H; Figure 20I; Figure 21H; Figure 21I). Thus, microbial decay improves 
simulated sulfate and acetate concentrations, but U(VI) and δ238U remain poorly described. 
 Incorporation of a heterogeneous distribution of Fe(III) oxides and FeRB to the SFM 
simulations greatly improves the fit to U(VI) concentrations and δ238U during the year 2 
experiment (Figure 21H; Figure 21I). With the inclusion of a heterogeneous Fe mineral 
distribution, U(VI) reduction occurs primarily in the slow flow zone and not in the advective 
zone, allowing U(VI) concentrations to remain above 0.05 µM and δ238U above -0.7‰ during 
much of the biostimulation period. However, simulated U(VI) concentrations initially increase to 
1.5 µM due to an early increase in TIC driven by fast Fe(III) reduction. Similarly, Fe(II) 
concentrations increase up to 6mM initially (Figure 21F). In addition, U(VI) concentrations and 
δ238U rapidly recover following biostimulation, in contrast to the observed slow recovery of 
U(VI) concentrations and a second decrease in δ238U.  
 The addition of U(VI) reduction coupled to FeS oxidation slows the recovery of U(VI) 
concentrations and δ238U (Figure 21H; Figure 21J). The year 2 experiment produced a large 
amount of FeS relative to year 1 due to higher rates of sulfate and Fe oxide reduction. This newly 
formed FeS pool can continue to reduce U(VI) after microbial reduction of U(VI) ceases, 
resulting in an extended period of lower U(VI) concentrations and δ238U.  The improved 
accuracy of the simulation suggests that reduction by FeS is an important process regulating U 
dynamics at the later stages of the year 2 experiment. Thus, our simplified implementation of 




fit of δ238U data after the end of acetate injection requires that U(VI) reduction by FeS 
fractionates U isotopes, as implemented in our simulations (ɛ of 0.75‰) and indicated by 
preliminary experimental work.19 
However, the models continue to poorly reproduce δ238U toward the end of the year 2 
experiment, where the observed values decrease even more to a minimum of -1.8‰ 130 days 
after the end of the acetate injection. In contrast, our simulated δ238U decreases to a minimum of 
-1.8‰ 5 days after the end of acetate injection, then increases to -1.0‰ once all microbial U(VI) 
reduction has ceased 10 days after the end of acetate amendment. Simulated δ238U then slowly 
recovers to -0.5‰ over the next 150 days.  The δ238U decrease between 150 and 200 days is not 
replicated well by our model.  This phenomenon is extremely puzzling, as dissolved U 
concentrations begin to rise at 150 days.  Assuming this rise is related to the expected waning of 
reduction, δ238U would be expected to increase.  The observed decrease suggests an additional 
process influencing U dynamics has yet to be constrained in our models. 
 The addition of cryptic microbial growth to the simulation only minimally decreases 
U(VI) concentrations and δ238U. The effect is much smaller than that of FeS-driven reduction. 
This is largely a result of insufficient mass of dead microbes produced during the year 2 
experiment (though larger than the year 1 experiment), which in turn produces only minimal 
amounts of electron donor (Figure 21H; Figure 21J). Additional biomass may be provided by 
microbes reducing dissolved oxygen and nitrate, but low groundwater concentrations of these 
solutes limit the possible growth of these microbial populations.31 While our simulation with 
fixed reduction rates of Fe(III) oxides, sulfate, and U(VI) suggests that cryptic microbial growth 
has a minor impact on U(VI) removal, FeRB and SRB may have begun to selectively reduce 




subsided. In this case, cryptic microbial growth could have a presently underrepresented 
influence on the extended period of U(VI) reduction along with U(VI) reduction by FeS.  
 
Reoptimization of SFM simulation including microbial decay, heterogeneous distribution 
of Fe(III) oxides and FeRB, and U(VI) reduction of FeS 
 We observed that the SFM simulations of sulfate and U(VI) concentrations and δ238U 
match the observations, particularly those in year 2, much more closely when three expected 
features of the aquifer were added to the model: 1) Microbial decay of FeRB and SRB, 2) A 
heterogeneous distribution of Fe(III) oxides and FeRB, and 3) U(VI) reduction by FeS.  These 
processes, which are all expected to occur in the aquifer system,19,20,28,29,33,34 were added to the 
simulations to improve model representation of the observed time series, but these new features 
also interacted with other microbial and geochemical processes, producing a complex set of 
feedbacks. Notably, the SFM simulation with these additional features resulted in Fe(II) 
concentrations much greater than those observed, suggesting that the amount of bioavailable 
Fe(III) oxides may have been overestimated. The simulation also produced a sharp initial 
increase in U(VI) concentrations due to high TIC levels from this enhanced reduction of Fe(III) 
oxides. Reoptimization is thus necessary to obtain a best-fit model that includes these added 
features. 
 In order to improve the coupled simulation of U(VI) and Fe(II) concentrations, we 
reoptimized the amount of Fe(III) oxides included in the model, as well as the distribution of 
FeRB, and the U(VI) reduction rate constant (Table 14). By decreasing the initial amount of 
Fe(III) oxides, we found substantial improvement in the simulated Fe(II) concentrations during 




volume percent in the advective zone and decreased from 0.15 to 0.04 volume percent in the 
slow flow zone. This change improved the match between the model and the Fe data, but it also 
resulted in less growth of FeRB, so U(VI) reduction slowed. We thus increased the rate of U(VI) 
reduction by one order of magnitude from 100 to 1000 mol/mol-biomass/yr. The increased rate 
of U(VI) reduction induced a larger decrease in δ238U during the biostimulation experiments, so 
that a corresponding adjustment was made to the initial distribution of FeRB such that they are 
more focused in the slow flow zone, which allowed less-fractionated U(VI) to be transported 
downgradient through the advective zone. Finally, the amount of FeRB in the advective zone 
was decreased from 0.000068 to 0.000038 volume percent and increased in the slow flow zone 
from 0.00027 to 0.0003 volume percent. This reoptimization results in much better reproduction 
of Fe(II) data, while still modeling U(VI) concentrations and δ238U well in both the year 1 
(Figure 22) and year 2 experiments (Figure 23). In fact, the U(VI) concentration simulation is 
improved for the year 2 experiment, where the former sharp increase in U(VI) concentrations at 
the start of acetate injection is minimized. With slower Fe(III) reduction coupled to acetate 
oxidation, TIC levels remain lower, resulting in less U(VI) desorption. This reoptimized 
simulation represents the best replication thus far of all field data collected during both 
biostimulation experiments. 
 The process of reoptimizing the experiments highlights the importance of the diversity, 
size, and spatial distribution of the microbial population in controlling Fe(II) and U(VI) 
concentrations during biostimulation. The process of organic carbon augmented biostimulation 
produces an altered distribution of FeRB with elevated populations concentrating in locations 
with more Fe(III) oxides. Considering a non-uniform initial distribution of FeRB impacts how 




physical isolation of FeRB in turn regulates the observed change in δ238U during U(VI) 
reduction.  
 
Implementation of a 2-D domain 
 The SFM dual-domain model was designed to provide a very simple representation of the 
aquifer’s observed hydraulic and geochemical heterogeneity:  Fe-rich, slow-flowing zones with 
fine grain sizes are embedded between coarser, faster-flowing zones containing less Fe.  We 
briefly explored the hypothesis that a more complex pattern of physical heterogeneity could also 
impact the way the system operates.  We used the reoptimized parameters of U(VI) reduction 
rate, Fe oxide content, and FeRB distribution within two distinct 2-D modeling domains with 
covariable permeability, Fe oxide content, and FeRB distribution (Figure 24) to explore the 
influence of the spatial arrangement of heterogeneity on geochemical concentrations and δ238U 
during redox changes. The pattern of permeability variation was selected to mirror that of a 
previous study.34 These two 2-D simulations obviously do not cover the infinite possible 
variations of physical, microbial, and chemical heterogeneity within the aquifer, but they provide 
insight into how differing patterns of heterogeneity impact geochemical concentrations and δ238U 
during U removal and mobilization.  
 In the year 1 experiment, both 2-D models simulate solute concentrations and δ238U 
nearly identically to the original reoptimized dual domain model (Figure 25) suggesting that the 
simplified dual domain approach reasonably represents the physical heterogeneity of the Rifle 
aquifer. In the year 2 experiment, δ238U decreases slightly more to -1.5‰ in the 2-D simulations 
versus a decrease to -1‰ in the dual domain model (Figure 26). U(VI) reduction focused in the 




conditions. In general, the more complex 2-D models of aquifer heterogeneity simulate δ238U and 
solute concentrations similarly to the simplified SFM models, suggesting that these simplified 
models reasonably approximate complex, natural aquifer systems.  
 In total, our simulations of both biostimulation experiments reveal the sensitivity of U 
isotopes to physical, chemical, and microbial heterogeneities. Physical heterogeneity, in the form 
of a slow flow zone, can temper the change in δ238U during U(VI) reduction, especially during 
shorter periods of biostimulation. Chemical and microbial heterogeneities, specifically Fe oxides 
and FeRB concentrated to areas of low permeability, also regulate U isotopes during U(VI) 
reduction. These heterogeneities concentrate U(VI) reduction to certain locations, which results 
in a small decrease in δ238U that does not follow simple Rayleigh models. U isotopes expose the 




 Two years after the second acetate amendment, an experiment was performed to induce 
oxidation of U(IV) produced by both biostimulation experiments. Nitrate was injected over a 
period of 34 days to induce U(IV) oxidation.16 During the injection of nitrate, U(VI) 
concentrations and δ238U increased concurrently as U(IV) enriched in 238U was mobilized, with 
U(VI) concentration and δ238U reaching maximums of 2.4 µM and 0.5‰, respectively.16 Figure 
27 displays the observed U(VI) concentrations and δ238U as well as five simulations of the 
oxidation experiment.  
 The five simulations are: the HM simulation that includes microbial decay, 




SFM simulation with the same processes included, the SFM simulation with reoptimized 
parameters as discussed previously, and two 2-D simulations as discussed in the previous 
section. During the nitrate injection, nitrate could react with U(IV) and FeS, which acts as a 
buffer to U(IV) dissolution. Oxidation rates of U(IV) and FeS with nitrate are identical for each 
of the five simulations (Table 13). These simulations are developed to explore the effect of 
physical heterogeneity on U remobilization. 
 The addition of a slow flow zone or 2-D heterogeneity greatly impacts U(VI) 
concentrations during U(IV) oxidation (Figure 27). The HM simulation displays a large increase 
in U(VI) concentrations of up to 6 µM, whereas the SFM simulations reach a maximum 
concentration of 1.7 µM. This behavior results from differences in the degree to which U(IV) is 
exposed to the oxidant.  In the SFM models, the slow flow zone contains a larger proportion of 
the accumulated U(IV) (Figure 28), which is slowly released during oxidation. This results in a 
smaller concentration peak with a longer tail of higher U(VI) concentrations.  In addition, these 
simulations contain more sites for U(VI) adsorption to occur, which retard the initial increase in 
U(VI) concentrations during U(IV) oxidation. The 2-D simulations that include covariable 
permeability, Fe oxide content, and FeRB distribution fit the observed U(VI) concentrations 
much better than the HM and SFM simulations with a maximum of 2 µM without the tailing 
effect of the SFM models (Figure 27). The 2-D models have variable permeability, but the 
lowest permeability areas of these models are not as impermeable as the slow flow zone of the 
SFM models. Therefore, U(VI) is released from the low permeability areas faster than in the 
SFM models. 
 The increase in δ238U is slightly underestimated in all models, with a maximum of 0.32‰ 




ceases as high-δ238U U is quickly transported downgradient. δ238U decreases relatively slowly 
following nitrate injection in the SFM and 2-D simulations, in better agreement with field data. 
Furthermore, high-δ238U U(VI) stored within the low permeability areas of these models is 
slowly released after cessation of nitrate.  
 One possibility for the present underestimation of δ238U during U(IV) oxidation in the 
models could be that U(IV) oxidation with nitrate induces a small isotopic fractionation. 
Oxidation of U(IV) by nitrate appears to be driven primarily by microbes.15,60,61 While abiotic 
oxidation of U(IV) by dissolved oxygen induces little to no isotopic fractionation,59 microbial 
oxidation of U(IV) with nitrate could possibly result in preferential oxidation and mobilization of 
238U(IV). Preferential oxidation of 238U(IV) would produce a larger increase in δ238U as observed 
at the Rifle site. However, this direction of isotopic fractionation (238U(IV) preferentially 
oxidized) is opposite from that expected from kinetic or equilibrium effects,18,36,59 so this 
prospect is unlikely. 
 The underestimation in δ238U is thus likely due to the spatial distribution of U(IV) δ238U 
values. As U(VI)aq reduction proceeds during the acetate injections, U(VI)aq concentrations and 
aqueous δ238U decrease downgradient of the injection wells. A spatial gradient is thus formed 
with δ238U decreasing with distance downgradient. The resulting U(IV)s generated along this 
flow path must inherently have a lower δ238U than the initial U(IV)s formed near the acetate 
injection site. δ238U of aqueous U(VI) in the HM simulation decreased more than the observed 
data during the acetate injections, so the resultant modeled U(IV) must also have lower δ238U 
downgradient than what likely exists in the aquifer (Figure 28). Oxidation of this simulated 
U(IV) in turn results in a smaller increase in δ238U than observed values, while U(VI) 




 The addition of a slow flow zone or 2-D heterogeneity improved the simulated decrease 
in U(VI) concentrations and δ238U during the acetate injections versus the homogeneous case 
(Figure 22; Figure 23; Figure 25; Figure 26), but the simulated oxidation of this accumulated 
U(IV) still slightly underestimates observed δ238U. This may result from the fact that U(IV) 
produced in these models is strongly heterogeneous, and the δ238U of U released by oxidation is 
highly sensitive to this heterogeneity. U(VI) slowly diffuses into low permeability areas where 
rapid U(VI) reduction occurs. U(VI) reduction then drives the remaining U(VI) to lower δ238U, 
resulting in low δ238U values observed within the low permeability areas (Figure 28). If oxidants 
penetrate deeply into these diffusion-dominated subsections, oxidation of the interior U(IV), with 
its lower δ238U, may dampen the increase in δ238U during the oxidation.  Accordingly, subtle 
changes in either the isotopic heterogeneity of precipitated U(IV) during reduction, or the 
heterogeneity in oxidation intensity may control the δ238U values of the U released by oxidation. 
Precise models of δ238U during oxidation thus rely on accurate representation of physical and 
chemical heterogeneity in both the reduction and oxidation phases. Once again, U isotopes are 
highly sensitive to heterogeneities, while U(VI) concentrations provide less information on their 
impact during U remobilization. 
   
Conclusions 
 In this study, we extended the isotope-enabled, multicomponent reactive transport model 
of Bizjack43 to simulate observed U concentrations and δ238U during two successive 
biostimulation experiments and an oxidation experiment. The main insights gained are as 
follows: 




desorption from mineral surfaces, δ238U always decreases during biostimulation when 
U(VI) reduction proceeds, further demonstrating the reliability of δ238U as a tracer of 
U(VI) reduction. Detecting significant shifts in isotope ratios of other redox-sensitive 
elements that isotopically fractionate during reduction, such as chromium (Cr) and 
selenium (Se),62-65 provides stronger evidence for removal through reductive pathways 
than concentration measurements alone. 
2. U(VI) reduction may be spatially constrained within specific reducing areas due to 
physical permeability differences within an aquifer, chemical composition of aquifer 
sediment, or heterogeneity in the distribution, growth, and diversity of microbial 
populations. If one observes a decrease in δ238U that is smaller than that predicted by 
simpler, Rayleigh models, U(VI) reduction is likely spatially constrained within such 
reducing areas. Muted isotopic shifts during induced reduction of contaminants, such as 
U, Cr, and Se, suggests that removal occurs within spatially constrained areas. 
3. U(VI) reduction can continue following cessation of electron donor through reaction 
pathways involving FeS or microbial cryptic growth. These processes provide additional 
removal of U(VI) and can prevent resurgent U(VI) concentrations following 
biostimulation. Electron donor amendments provide extended periods of reducing 
conditions and removal of contaminants beyond injection periods. 
4. U(VI) reduction can generate U(IV) with a strong isotopic gradient as preferential 
reduction of 238U(VI) drives the remaining U(VI) to lower δ238U with increasing distance 
downgradient. If sediment is collected following induced reduction of redox-active 
contaminants, the isotopic, chemical, and microbial composition of the sediment could 




conditions provided optimal removal of contaminants. 
5. The isotopic gradient impacts the increase in δ238U during U remobilization. As U(IV) 
oxidation progresses, U(IV) with lower δ238U is accessed, leading to muted increases in 
aqueous δ238U. Isotope ratios may become a reliable method of detecting oxidation and 
mobilization of U, Se, and Cr, but one must account for the complexity of isotopic 
gradients. 
6. Isotope-enabled, multicomponent reactive transport modeling provides additional 
constraints on geochemical reaction rates impacting δ238U and geochemical 
concentrations during biostimulation and oxidation. A dual domain approach, which 
mimics transport of solutes along preferential flow paths and transfer into and out of clay-
rich zones, reasonably simulates complex, natural aquifer systems. Similar modeling 
approaches are suitable for better constraining removal and remobilization of U, Se, and 
Cr in various aquifers.  





Figures and Tables 
 
Figure 16: Location of wells in plot C where the 2010 and 2011 acetate injection and 2013 
nitrate injection experiments were carried out.  Acetate was injected into wells CG-01 to CG-10 
in blue and yellow in 2010. More acetate was injected into wells CG-01 to CG-05 in yellow in 
2011, inducing more production of Fe(II) sulfides and U(IV). Nitrate was injected into wells CG-
01 to CG-05 in yellow in 2013 to induce oxidation of U(IV). 
 
 
Figure 17: The dual-porosity field for the SFM simulations with equal domain volume of 








Figure 18: Plots of time-series observations (filled circles) and HM simulation results (lines) of 
non-reactive tracer (Br-), major ions (Na+, Ca2+), carbon (TIC, acetate), redox-active constituents 











Figure 18 (cont.): Plots of time-series observations (filled circles) and HM simulation results 
(lines) of non-reactive tracer (Br-), major ions (Na+, Ca2+), carbon (TIC, acetate), redox-active 
constituents (Fe2+, Sulfate), U concentrations, and δ238U for well CD-01 during the year 1 acetate 
experiment. Observed sulfate concentrations for upgradient well CU-01 are also displayed, 
demonstrating a natural shift in sulfate concentrations. The four simulations are:  1) The original 
HM simulation of Bizjack43 (base model; red); 2) a simulation with microbial death of FeRB and 
SRB added (yellow); 3) additional incorporation of U(VI) reduction by FeS (purple); and 4) 
additional incorporation of cryptic growth (use of organic carbon from dead microbes) (green). 
When a complexity is added, the simulation is plotted on top of the previous simulation. When 
simulations model chemical concentrations or δ238U identically, the most complex simulation is 
portrayed, blocking the previous simulations. Without physical or chemical heterogeneity, all 
























Figure 19 (cont.): The addition of a heterogenous distribution of Fe oxides and FeRB strongly 
impacts Fe(II) and U(VI) concentrations and δ238U as reduction of U(VI) and Fe(III) oxides 
becomes spatially constrained. Here we show five simulations:  1) the original SFM of Bizjack43 
(base model; red); 2) the same model with microbial death added (yellow); 3) the subsequent 
inclusion of increased Fe oxides and FeRB within the slow-flow zone (blue); 4) the subsequent 










Figure 20: The year 2 acetate experiment is now explored using the same HM simulations from 









Figure 20 (cont.): The addition of microbial decay between year 1 and year 2 has a large effect 
on acetate, TIC, and sulfate concentrations due to slower sulfate reduction. The four simulations 
are:  1) The original HM simulation of Bizjack43 (red); 2) a simulation with microbial death of 
FeRB and SRB added (yellow); 3) additional incorporation of U(VI) reduction by FeS (purple); 





















Figure 21 (cont.): Once again, the addition of microbial decay between year 1 and year 2 has a 
large effect on acetate, TIC, and sulfate concentrations due to slower sulfate reduction. The 
addition of U(VI) reduction with FeS strongly impacts U(VI) concentrations and δ238U following 
the cessation of acetate. Model results are plotted for adding the complexity of microbial death 
(yellow), heterogenous distribution of Fe oxides and FeRB (blue), U(VI) reduction with FeS 











Figure 22: Year 1 model results are plotted for the original SFM model versus the simulation 








Figure 22 (cont.): Year 1 model results are plotted for the original SFM model including 
microbial death, heterogeneous distribution of Fe oxides and FeRB, and U(VI) reduction with 
FeS (Figure 19) (base model; purple) versus the simulation with updated parameters for initial 
distribution of bioavailable Fe oxides and FeRB and the U(VI) reduction rate (black). The 




















Figure 23 (cont.) : Year 2 model results are plotted for original SFM model including microbial 
death, heterogeneous distribution of Fe oxides and FeRB, and U(VI) reduction with FeS (Figure 
21) (base model; purple) versus the simulation with updated parameters for initial distribution of 
bioavailable Fe oxides and FeRB and the U(VI) reduction rate (black). Here, the updated 












Figure 24: Initial 2-D distribution of permeability (log(m2)) (A, B), bioavailable Fe oxides (parts 
































Figure 24 (cont.): Initial 2-D distribution of permeability (log(m2)) (A, B), bioavailable Fe oxides 
(parts per ten thousand by volume) (C, D), and FeRB (parts per million by volume) (E, F) used 



















Figure 25: Year 1 model results are plotted for the SFM simulation with updated parameters 









Figure 25 (cont.): Year 1 model results are plotted for the SFM simulation with updated 
parameters for initial distribution of bioavailable Fe oxides and FeRB and the U(VI) reduction 
rate (Figure 22) (black) and the two 2-D domain models (Figure 24) with updated parameters 













Figure 26: Year 2 model results are plotted for the SFM simulation with updated parameters 








Figure 26 (cont.): Year 2 model results are plotted for the SFM simulation with updated 
parameters for initial distribution of bioavailable Fe oxides and FeRB and the U(VI) reduction 
rate (Figure 23) (black) and the two 2-D domain models (Figure 24) with updated parameters 
(red, yellow). Once again, there is little separating the 2-D simulations and the SFM simulation. 
δ238U decreases a bit more during the end of the acetate injection in the 2-D simulations than in 








Figure 27: Plots of time-series observations (filled circles), HM simulation, SFM simulations, 
and 2-D domain simulations results (lines) of U concentrations and δ238U for well CD-01 during 
the oxidation experiment. Model results are plotted for the HM simulation with U(VI) reduction 
with FeS (red), the original SFM simulation with U(VI) reduction with FeS (yellow), the SFM 
simulation with updated parameters for initial distribution of bioavailable Fe oxides and FeRB 
and the U(VI) reduction rate (purple), and the two 2-D simulations (Figure 24) (green, blue). 
Without slow flow zones or low permeability areas, U(VI) concentrations increase drastically. 
δ238U is slightly underestimated in all models. Addition of slow flow zones or low permeability 
areas keeps δ238U from quickly decreasing after cessation of nitrate as oxidized U(IV) is slowly 








Figure 28: Spatial distribution of U(IV) concentration (mg/kg) and δ238U (‰) after both 
biostimulation experiments.  
Direction of flow 









Figure 28 (cont.): Spatial distribution of U(IV) concentration (mg/kg) and δ238U (‰) after both 
biostimulation experiments for the HM simulation (A, B), original SFM simulation (C, D), 
reoptimized SFM simulation (E, F), and two 2-D simulations (G, H, I, J) that included U(VI) 
reduction with FeS. Notice the lower δ238U of U(IV) within the slow flow zone or low 

























Table 6: Summary of all injection experiments 
Experiment Wells Date Duration (d) Injection tank Conc. (mM) 
Year 1 CG01-CG10    
    Starta  23-Aug-2010  50 Acetate 
    End  22-Sep-2010 23 20 Br- 
Year 2     
    Start CG01-CG05 23-Aug-2011  150 Acetate 
    End  03-Nov-2011 72 20 Br- 
Nitrate     
    Start CG01-CG05 13-Nov-2013 34 2.9 NO3
- 
    End  17-Dec-2013  (Deuterium spike, 210‰) 
a Tank refill gap 7-Sep and 13-Sep 
 
 
Table 7: Primary components included and concentrations used in the simulations. Initial 
concentrations were based on measured values in CD-01 before the addition of acetate and 
bromide. Injectate concentrations were used for the upgradient boundary condition for the 
duration of the injection experiments, and were the same as initial concentrations except where 
specified below 
Primary Component Initial Injectate 
pH 7.2  
Fe++ 0.01866 mM  
Fe+++ Equilibrium with Fe(OH)3  
Na+ 10.85 mM  
Ca++ 5.79 mM  
Mg++ 4.536 mM  
Cl- 5.375 mM  
SO4-- 8.5 mM  
H2S(aq) 0.0 mM  
CO2(aq) 9.5 mM 
11.0 mM (first injection of 
Year 1) 
Acetate 0.0 mM 
5.0 mM (Year 1), 18.75 
mM (Year 2) 
SiO2(aq) 0.43 mM  
O2(aq) 15.6×10
-3 mM  
NH4
+ 1.5 mM  
NO3
- 0.0 mM 
0.5 mM (first 23 days of 
nitrate injection), 2.0 mM 
(next 11 days) 
Br- 0.0 mM 
2.0 mM (Year 1), 2.5 mM 
(Year 2) 
UO2
++ 6.97×10-4 mM  




Table 8: Secondary species (equilibrium reactions) included in the Rifle simulations 
Secondary Species Mass Balance Equations log(K25°C)
a 
OH- H2O →  H
+ + OH- 14.9398 
HCO3
- H+ + HCO3
- → H2O + CO2(aq) -6.5804 
CO3
-- HCO3
- → H+ + CO3
-- 10.3288 
FeOH+ Fe++ + H2O → H
+ + FeOH+ 9.5 
FeS(aq) Fe
++ + H2S(aq) → 2H
+ + FeS(aq) 9.2 
FeCO3(aq) Fe
++ + HCO3
- → H+ + FeCO3(aq) 5.5988 
CaOH+ Ca++ + H2O → H
+ + CaOH+ 12.85 
CaCO3(aq) Ca
++ + HCO3
- → H+ + CaCO3(aq) 7.0017 
CaSO4(aq) Ca
++ + SO4
-- → CaSO4(aq) -2.1111 
CaHCO3+ Ca
++ + HCO3
- → CaHCO3+ -1.0467 
MgCO3(aq) HCO3
- + Mg++ → H+ + MgCO3(aq) 7.3499 
MgCl+ Cl- + Mg++ → MgCl+ 0.1349 
MgSO4(aq) Mg
++ + SO4
-- → MgSO4(aq) -2.4117 
Acetic acid(aq) Acetic acid(aq) → H
+ + Acetate 4.7572 
HS- H+ + HS- → H2S(aq) -6.9877 
S-- HS- → H+ + S-- 12.9351 
NH3(aq) H
+ + NH3(aq) → NH4





-- → Ca2UO2(CO3)3(aq) -30.7
b 
CaUO2(CO3)3


































++ → H+ + UO2CO3(aq) 0.6634 
(UO2)2OH
+++ H2O + 2UO2
++ → H+ + (UO2)2OH
+++ 2.7072 
UO2OH
+ H2O + UO2
++ → H+ + UO2OH
+ 5.2073 
(UO2)2(OH)2
++ 2H2O + 2UO2













++ + 2H2O → 2H








































++ + 4H2O → 4H
+ + UO2(OH)4
-- 33.0291 
a log(K) values for U species from Guillaumont et al.66 except where indicated 
b from Bernhard et al.67 












Table 10: Surface Complexation parameters included in the simulations 
Surface Complexation Parameters 






    >FeOH Fe(OH)3 4.5 3.84×10-10 (a) 
    >S(OH)2 Quartz 5.3 3.84×10
-10 (b) 
    >T(OH)2 Quartz 5.3 3.84×10
-6  
    
Mass Balance Equations log(K25°C)
c 
    >FeOH → H+ + >FeO- 9.51 
    >FeOH + Fe++ → H+ + >FeOFe+ 5 
    >FeOH + Fe++ + H2O → H
+ + >FeOFeOH2 11.96 
    >FeOH + H+ → >FeOH2
+ -7.47 
    >S(OH)2 + UO2
++ → H+ + >S(OH)UO2
+ -7.92 
    >T(OH)2 + UO2
++ → H+ + >T(OH)UO2
+ -3.52 
    >S(OH)2 + UO2
++ + 2HCO3




    >T(OH)2 + UO2
++ + 2HCO3




a as suggested by Davis and Kent68 
b from Hyun et al.50 
c U surface complexation model developed by Hyun et al.50, Fe++ complexation model 










Table 11: Mineral reactions included in the Rifle simulations 
Mineral Reactions log(K25°C) Rate log(mol/m
2/s) 
C5H7O2NFe → C5H7O2NFe (s)
a -15 -2.0 
C5H7O2NSO4 → C5H7O2NSO4(s)
a -15 -2.0 
Ca++ + CO3
-- → CaCO3 -8.4801 -6.7 
Fe+++ + 3H2O → 3H
+ + Fe(OH)3 3 -9.43 
Fe++ + H2S(aq) → 2H
+ + FeS(am)
b 3.5 -7.0 
HCO3
- + Mg++ → H+ + MgCO3 2.7936 -7.4 
SiO2(aq) → Quartz -3.9993 -35.5 
2Fe+++ + H2S(aq) → 2Fe
++ + 2H+ + S0 -21.1304 -4.0 
U++++ + 2H2O → 4H
+ + Uraninite -4.8372 -22.0 
a Biomass 
b Major mineral phase recognized at the Rifle site is amorphous FeS, mackinawite56 
 
Table 12: Microbial pathways included in the simulations 









Keq Fraction into 
Cell Growth 
Catabolic      
0.125Acetate + 0.125 SO4
-- + 
0.375 H+ → 0.125 H2S(aq) + 
0.25CO2(aq) 
5×10-3 10-4 54000c 5.577 0.08 
0.125Acetate + Fe+++(am) + 
0.25H2O → Fe
++ + 0.875H+ 
+ 0.25CO2(aq) 
1×10-5  -7.3d 0.5345 0.03 
0.125Acetate + 0.5 UO2
++ + 
0.125 H+ → 0.5 U++++ + 
0.75H2O + 0.25CO2(aq) 
5×10-4 10-6 100c 6.0858 0 
Anabolic      
0.075 H+ + 0.125 Acetate + 
0.050 NH4
+ → 
C5H7O2N(SO4 or Fe) 
   0  
a Half saturation of electron donating species 
b Half saturation of electron accepting species 
c Units of mol/mol-biomass/yr 






Table 13: Additional complexities added to HM and SFM simulations43 
First addition: microbial death   
Mineral Reactions log(K25°C) Rate log(mol/m
2/s) 
C5H7O2NSO4(s) → decaySO4 15 -8.9 
C5H7O2NFe(s) → decayFe 15 -9.7 
Second addition: heterogeneous Fe (SFM only) 
  
Mineral type Original 
volume % 
New volume % 
(advective vs slow 
flow) 
Fe+++(am) 0.076 0.03, 0.15 
C5H7O2NFe(s) 0.000136 0.000068, 0.00027 
Third addition: reduction by FeS   
Mineral Reactions log(K25°C) Rate log(mol/m
2/s) 
FeS(am) → FeSdecay 15 -7.6 
FeS(am)+UO2
+++ 4H+ → Fe+++ S0+U++++ + 2H2O 7.275 -4.2 
Fourth addition: cryptic growth   
Mineral Reactions log(K25°C) Rate log(mol/m
2/s) 
decaySO4(s) → 2.5 Acetate + 2.5 H
+ 15 -9.3 
decayFe(s) → 2.5 Acetate + 2.5 H
+ 15 -9.3 
Fifth addition: U(IV) oxidation   




--+0.9N2+1.4H2O 136.6 -2.0 
Uraninite+0.4NO3
- +2.4H+→ UO2
+++1.2H2O+0.2N2 28.21 -4.0 
 
Table 14: Reoptimized parameters for SFM simulation 
 
Mineral type Original volume % 
(advective vs slow 
flow) 
New volume % 
(advective vs slow 
flow) 
Fe+++(am) 0.03, 0.15 0.01, 0.04 
C5H7O2NFe(s) 0.000068, 0.00027 0.000038, 0.0003 
Mass Balance Equation Initial rate constant 
(mol/mol-biomass/yr) 
New rate constant 
(mol/mol-biomass/yr) 
0.125Acetate + 0.5 UO2
++ + 0.125 H+ → 
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